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Given the importance of spatial heterogeneity in altering dispersal, interspecific interactions, 
and population persistence, high rates of habitat homogenisation across the globe are a concern. 
In river networks, confluences and water abstractions likely produce discontinuities in physical 
conditions, potentially creating hotspots of heterogeneity that influence fish assemblages, 
including interactions between native and invasive fish. However, mechanisms driving fish 
assemblage responses to such spatial heterogeneity are not well understood. I investigated how 
the spatial configuration of flow disturbance around confluences influenced spatial and 
temporal patterns in fish assemblages, and evaluated the impact of spatial heterogeneity 
associated with surface water abstractions on fish assemblage structure. 
Electrofishing in mainstem and tributary branches of replicate confluences revealed highly 
context-dependent distributions, contingent upon the combination of flood disturbance history 
in branches, distance to the confluence and the direction of flow. Shifts in native–invasive 
species relative abundance were determined by preference of large predatory salmonids for 
more hydrologically stable conditions, resulting in higher native fish abundance in flood-prone 
conditions. Distance from confluence effects were stronger upstream than downstream, 
suggesting flow direction had influenced dispersal. Heterogeneity-related dynamics in fish 
assemblages meant confluences with homogenous flow conditions had lower fish abundance 
and higher temporal variability in the relative abundance of native and invasive species than 
confluences with heterogeneous flow conditions. Evenness scores differed downstream of 
confluences, with higher assemblage evenness downstream of heterogeneous confluences. 
These results demonstrate how flow- regime effects are spatially transferred at confluences, 
creating areas of influential riverscape heterogeneity. 
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Field surveys and stable isotope analysis revealed reduced flows downstream of abstraction 
points resulted in significantly lower fish abundances per metre of stream length, higher 
proportions of native species, shallower mass-abundance relationship slopes and shorter stable 
isotope-derived food-chain lengths due to the loss of larger fish sizes. Spatial heterogeneity in 
stream flow associated with water abstractions can therefore alter both the structure and 
composition of stream fish assemblages, and modify the outcomes of native–invasive species 
interactions. Overall, my research indicates understanding the role of heterogeneity will assist 
in identifying locations of ecological significance in river networks and improve the strategic 









Frontispiece: The Waimakariri River in the South Island of New Zealand, looking upstream 
towards the Hawdon River confluence. 







Chapter One:  
Introduction 
Freshwater ecosystems are among the most globally threatened ecosystems due to losses in 
biodiversity attributable to increasing anthropogenic pressures (MEA, 2005;  Dudgeon et al., 
2006;  Pittock, Hansen & Abell, 2008). Anthropogenic land-use change, channelization, water 
impoundment and water abstraction are all major threats to global biodiversity in freshwater 
systems and have the potential to homogenise riverscapes (MEA, 2005;  Dudgeon et al., 2006). 
Furthermore, habitat homogenisation, through loss of variability in abiotic characteristics 
across catchments, is one of the primary drivers of recent changes in the diversity and 
abundance of aquatic biota (Zeni & Casatti, 2014). Therefore, to effectively manage freshwater 
systems in the face of land-use intensification and climate warming, an understanding of the 
importance of riverscape-scale changes in the amount and configuration of abiotic 
heterogeneity is required. 
The riverscapes approach is extremely important in freshwater ecology, allowing for the 
inclusion of spatial heterogeneity and network configuration in the study of freshwater systems 
and assemblages (Fausch et al., 2002). Vannote (1991) instigated this line of thought through 
development of the Riverscape Continuum Concept, which proposed a linear gradient of 
abiotic conditions and biotic communities, related to stream order, from headwaters to the sea. 
The Serial Discontinuity Concept (Ward & Stanford, 1983) built on this, suggesting 
impoundments disrupt longitudinal processes and create patchy environmental heterogeneity 
along the stream profile. The Link Discontinuity Concept (Rice, Greenwood & Joyce, 2001) 
acknowledged the influence of tributaries on longitudinal processes and the importance of their 
arrangement, and Fausch et al. (2002) included spatial heterogeneity and network configuration 
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in studies of aquatic assemblages at large spatial scales. The Network Dynamics Hypothesis 
(Benda et al., 2004) highlighted abrupt changes in physical habitat structure at confluences, 
and proposed that effects depended on basin shape, size, drainage density and geometry. 
Kiffney et al. (2006) built further on this, suggesting habitat complexity, productivity and 
abundance of organisms in mainstem rivers peaks at or below tributary junctions. Finally, 
Milesi & Melo (2014) proposed the effects of tributaries on aquatic assemblages in mainstems 
depends on the tributary:mainstem size ratio.  
Research at the scale of river networks, examining relationships between network components, 
is becoming progressively more common (Peterson & Ver Hoef, 2010;  Flitcroft et al., 2012;  
Heasley, Clifford & Millington, 2018). Consequently, the ability to identify characteristics of 
network structure and quantify their importance for ecological processes in stream systems will 
be very important in determining the value of spatial heterogeneity in the face of increasing 
broad-scale homogenisation. 
Riverscape heterogeneity 
Understanding the importance of environmental heterogeneity for diversity and abundance of 
species is an active area of ecological research (Cromsigt, Prins & Olff, 2009;  Smith & Mather, 
2013;  Hovick et al., 2016;  Peláez, Azevedo & Pavanelli, 2017). Environmental heterogeneity 
often results in patchy species distributions by influencing the availability and distribution of 
refugia (Magalhães et al., 2002), food (Cromsigt, Prins & Olff, 2009) and reproductive habitat 
(Ficetola & De Bernardi, 2005).  Although small-scale environmental heterogeneity in river 
networks has been positively related to diversity and abundance of fish species (Fernandes, 
Podos & Lundberg, 2004;  Smith & Mather, 2013;  Peláez, Azevedo & Pavanelli, 2017), the 
role of larger-scale spatial heterogeneity in abiotic conditions in determining aquatic 
community composition is poorly understood (Kiffney et al., 2006;  Rice, 2017). In aquatic 
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systems, discontinuities, both natural (e.g. confluences) and anthropogenic (e.g. dams and 
diversions), can create ‘hotspots’ of heterogeneity in physical conditions that can produce 
spatially and temporally variable dynamics in resident community structure (Benda et al., 
2004;  Kiffney et al., 2006;  Kennedy et al., 2016). Moreover, whether a particular confluence 
or diversion creates a ‘hotspot’ of heterogeneity in the riverscape or not, may depend on the 
spatial arrangement of habitat types (Cathcart et al., 2018). Most research of confluence 
environments has focussed on local-scale heterogeneity, particularly downstream of the 
confluence (Rice, Greenwood & Joyce, 2001;  Kiffney et al., 2006;  Milesi & Melo, 2014), 
without specifically investigating the potential role of confluences in providing heterogeneity 
at the riverscape-scale.  
Spatially variable flow disturbance in stream networks is an important component of riverscape 
heterogeneity (Bunn & Arthington, 2002;  Benda et al., 2004), and could be a particularly 
important driver of configuration-dependent dynamics in aquatic communities. The effect of 
heterogeneity in river flow regimes on aquatic biodiversity and abundance has been studied at 
small spatial scales (Brown, Hannah & Milner, 2007;  Garcia, Schnauder & Pusch, 2012), 
however little is known about how spatial heterogeneity interacts with fish assemblage 
composition at larger scales. Consequently, understanding the influence of spatial 
heterogeneity in stream flow characteristics on the structure and abundance of freshwater fish 
assemblages will advance freshwater ecology and provide information to underpin aquatic 
conservation decisions in the face of ongoing global change. 
Defining heterogeneity in flow disturbance 
While classic hydrological variables such as flood magnitude, frequency and duration are 
effective measures of flow variability, they do not necessarily reflect the disturbance 
experienced by local stream organisms, which can be influenced by factors such as reach 
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geomorphology (Peckarsky et al. 2014). Because the native galaxiid fishes and the 
invertebrates fed on by galaxiids and trout in these streams are benthic, I wanted to characterise 
‘flow disturbance’ using a metric relevant to the local community. Streambed instability is a 
good measure of physical flooding disturbance to benthic organisms in streams (Matthaei et al. 
2000; Jellyman et al. 2013; Peckarsky et al. 2014), so here I define disturbance as flood events 
that affect the stream bed, both through removal of organisms or by altering physical habitat 
(Peckarsky et al. 2014). The RDI index is a simple and effective way to characterise benthic 
stability, using evidence of hydraulic and geomorphological disturbance, and has been found 
to be a reliable assessment of stream channel stability when the same observer is used across 
sites (Peckarsky et al. 2014). Therefore in this thesis, the RDI index is used as a measure of 
‘flow disturbance’ as experienced by freshwater fish in these river networks. 
Fish assemblage composition 
Our knowledge of broad-scale patterns of community assembly has greatly increased with the 
recent shift from focussing on locally-interacting species in isolated communities to highly 
spatially and temporally connected metacommunities (Leibold et al., 2004;  Chisholm, Lindo 
& Gonzalez, 2011;  Logue et al., 2011). The combined influences of local hydrological 
characteristics and the regional species pool are primary determinants of local richness in 
freshwater fish (Niu, Franczyk & Knouft, 2012). However, due to source–sink population 
dynamics, use of refugia, dispersal, and recolonisation after disturbance events (Fausch et al., 
2002;  Campbell Grant, Lowe & Fagan, 2007), it is likely that the diversity and abundance of 
fish at a particular site could also be related to riverscape heterogeneity. Therefore, if 
riverscape-scale heterogeneity in flow characteristics influences these community assembly 




Invasions in heterogeneous landscapes 
Biological invasions have strong negative effects on native species worldwide (Vitousek et al., 
1996;  Clavero & Garcı´a-Berthou, 2005;  Maciel & Lutscher, 2018). However, their effects 
are disproportionately severe in freshwater ecosystems (Moorhouse & Macdonald, 2014), 
making understanding factors mediating their influence extremely important. Most biological 
invasions occur in heterogeneous environments (Maciel & Lutscher, 2018), so environmental 
heterogeneity and invasive species are likely to interact to influence native species assemblages 
(Vander Zanden, Hansen & Latzka, 2017). Moreover, interspecific interactions such as these 
are fundamental processes structuring many ecological communities, but knowledge of their 
spatial and temporal variability is still poor (Poisot, Stouffer & Gravel, 2015). Therefore, to 
better understand how invasive species and spatial heterogeneity in river networks interact to 
influence fish assemblages, more empirical studies are required.  
The New Zealand context 
Salmonid fishes are one of the most widespread invaders in the world, and their impact on 
native fish assemblages are a major concern (Fausch, 1988;  Lowe et al., 2000;  McIntosh, 
McHugh & Budy, 2012; Hasegawa, Mori & Yamazaki, 2016;  Morita, 2018). Many native fish 
declines have been blamed on competitive displacement and predation by introduced trout, 
such as the crisis facing Galaxiidae in the Southern Hemisphere (McDowall, 2006;  Habit et 
al., 2010;  McIntosh et al., 2010;  Jones & Closs, 2015;  Sowersby, Thompson & Wong, 2015). 
A very high proportion of native freshwater fish in New Zealand are classified as threatened or 
declining (McDowall, 2006), for example, in the Galaxiidae family, 81% of species are ranked 
as threatened or at risk (Goodman et al., 2014). Because New Zealand has both a highly 
variable climate, which creates river networks with highly spatially heterogeneous flow 
regimes, and invasive trout (McIntosh, 2000), it is an ideal study system for investigating the 
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likely interacting influences of heterogeneity and invasive species on freshwater fish 
assemblages. The abundance and distribution of galaxiids is usually negatively affected by 
competition and predation from trout, which often leads to their exclusion (McIntosh et al., 
2010). However, because trout have strong habitat preferences and are negatively influenced 
by physical habitat conditions like flooding (Fausch et al., 2001;  Budy et al., 2008;  Jellyman 
et al., 2017), it is likely that spatial heterogeneity in flow disturbance will impact the outcome 
of native–invasive interactions, and consequently influence the relative abundance of native 
galaxiids and introduced trout at a site. 
Thesis structure 
In this thesis I focus on the relationship between spatial heterogeneity in flow conditions and 
spatial and temporal shifts in fish assemblage structure and abundance in invaded riverscapes 
in New Zealand. 
In Chapter Two, I used a spatially nested survey design to investigate the roles of the presence 
and configuration of heterogeneity in flood disturbance conditions around confluences in 
influencing fish abundance and community evenness in the Canterbury High Country, South 
Island of New Zealand. The survey contrasted confluences with different configurations of 
tributary and mainstem flow disturbance regimes to evaluate spatial patterns in fish 
assemblages in the tributary, upstream mainstem, and downstream mainstem branches. I 
predicted the layout of flow disturbance conditions around confluences would influence the 
presence and configuration of spatial heterogeneity, and strongly influence spatial patterns in 
fish assemblage abundance and evenness. 
I determined during the survey described in Chapter Two that spatial patterns in fish 
assemblages, particularly the abundances of native Galaxidae and non-native Salmonidae, 
varied with distance from the confluence. Therefore, in Chapter Three I investigated spatial 
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patterns in the relative abundance of native and invasive species associated with the 
configuration of flood disturbance around confluences, and how they changed relative to 
proximity and flow direction to the confluence.  
Because I observed such strong patterns in fish communities associated with heterogeneity in 
flow regimes around confluences while conducting the field survey for Chapters Two and 
Three, I wondered if the inherent presence of heterogeneity in flow regimes, regardless of 
spatial configuration, was enough to produce significant spatial and temporal differences in 
fish assemblages. Thus, in Chapter Four, using temporal surveys with the same survey design 
described in Chapter Two, I investigated the influence of the spatial juxtaposition of disparate 
flow disturbance regimes around confluences on fish abundance and temporal stability in 
assemblage composition. I predicted higher spatial heterogeneity in flow conditions around 
confluences would produce higher overall fish abundances and more temporally stable native–
invasive species interactions. During this temporal survey I determined that fish assemblages 
were responsive to spatial variation in flow regime, and postulated that variation in flow regime 
in response to anthropogenic water abstraction may also influence spatial patterns in fish 
assemblages. 
In Chapter Five, therefore, I investigated how anthropogenically-derived spatial heterogeneity 
in stream flow influenced fish assemblage structure. Surveys and stable isotope analysis were 
used to evaluate the impact of differing levels of flow abstraction on fish assemblage structure, 
and native–invasive patterns of coexistence, associated with small surface water abstractions 
in the Canterbury region of New Zealand. For this, a nested longitudinal study design was used 




Finally, in Chapter Six I integrate and discuss findings from Chapters Two–Five. Specifically, 
how influences of spatial heterogeneity in flow regimes both naturally, associated with 
confluences, and artificially, resulting from surface water abstractions, can influence spatial 
and temporal patterns in stream fish assemblages in invaded riverscapes. Finally, I review 
implications of my research, highlighting the importance of spatial heterogeneity in invaded 
riverscapes to conservation managers.  
This thesis has been written as a series of four stand-alone scientific papers intended for 
publication (Chapters Two–Five). As a result there is some necessary repetition in the 
introduction and methods sections. While all chapters were multi-authored, the writing and 
analysis were primarily mine, with the exception of Chapter Five which was equally co-
authored with Kevin Fraley, a fellow PhD student. Contributions of additional authors have 
been noted in the acknowledgements section. Figures and tables are included within each 
chapter, with one numbering system running throughout the entire thesis. All references are 








Plate 1. Example of spatial heterogeneity in flow disturbance between two rivers at a 
confluence of a stable spring-fed river (left) and a flood-disturbed river (right), on the 
Waimakariri River Floodplain. 
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Chapter Two:  
Confluence configuration of river networks controls spatial patterns in 
fish communities 
Introduction  
Spatial heterogeneity is a critical element of all ecosystems, with the ability to alter ecological 
processes such as the movement of organisms and outcomes of interspecific interactions 
(Pickett & Cadenasso, 1995;  Scheiner & Willig, 2008). Environmental heterogeneity often 
results in patchy species distributions by influencing, for example, the availability and 
distribution of refugia (Magalhães et al., 2002), food (Cromsigt, Prins & Olff, 2009) and habitat 
suitable for reproduction (Ficetola & De Bernardi, 2005). Landscape-scale habitat 
homogenisation, through loss of variability in abiotic characteristics predominantly via land-
use change, channelization, water impoundment and water abstraction, has made freshwater 
systems among the most highly threatened in the world (MEA, 2005;  Dudgeon et al., 2006;  
Zeni & Casatti, 2014). Moreover, the hierarchically-organised spatial structure of riverscapes, 
overlaid with strong directional connectivity which integrates processes occurring at different 
spatial scales (McCluney et al., 2014), makes understanding spatial patterns of freshwater 
communities and their interactions with habitat heterogeneity at riverscape scales especially 
important.  
Quantifying spatial structure in river network communities is the first step to identifying and 




Spatial arrangement of tributaries could be a particularly influential factor in the longitudinal 
organisation of freshwater biota (Rice, Greenwood & Joyce, 2001), because each confluence 
has the potential to disrupt the longitudinal continuum through changes in water volume, 
substrate size, water quality, channel hydraulics, flow and thermal regimes (Rice, Greenwood 
& Joyce, 2001;  Benda et al., 2004). Moreover, there is potential for abiotic influences in one 
branch to be transferred upstream and downstream to other branches in the confluence via biotic 
communities and associated biotic interactions which are connected through the river network. 
Thus, the spatial layout of tributary branches, and their abiotic conditions, is likely to be an 
important determinant of riverine processes through their influence on the presence and 
configuration of spatial heterogeneity. However, studies of stream network configuration 
effects on communities, and particularly the transfer of influence among branches, are rare 
(Campbell Grant, Lowe & Fagan, 2007;  Flitcroft et al., 2012).  
Disturbance within a stream network, through high flow variability and ability to cause physical 
disturbance during flooding, is an important component of riverscape heterogeneity and could 
be a particularly important driver of such configuration-dependent dynamics. The branching 
hierarchy of river networks interacts with catchment disturbances such as floods to spatially 
organise the distribution of riverine habitat in a highly non-uniform way (Benda et al., 2004). 
Fluctuations in stream flow are the primary form of environmental variability in riverine 
ecosystems, both due to their role in physical habitat modification and influences on community 
composition through effects on mortality and recruitment processes (Grossman et al., 1998;  
Jackson, Peres-Neto & Olden, 2001). The effects of spatially heterogeneous flow disturbance 
regimes in aquatic systems have been evaluated in the context of aquatic invertebrates (Brown, 
Hannah & Milner, 2007;  Garcia, Schnauder & Pusch, 2012;  Milesi & Melo, 2014), however 
little is known about impacts on fish community composition patterns, or the potential role of 




and the regional species pool are primary determinants of local richness in riverine fish (Niu, 
Franczyk & Knouft, 2012), due to source sink-population dynamics, use of refugia, dispersal, 
and recolonisation after disturbance events, it is likely that the fish community at a particular 
site could also be related to the configuration of nearby confluences and the conditions and fish 
population therein. Therefore, understanding how the configuration of conditions around 
confluences influences fish communities in rivers should be insightful. 
I investigated the importance of the configuration of flow disturbance regimes around 
confluences for spatial patterns in fish abundance and evenness in natural riverscapes in New 
Zealand. While species richness continues to be the most common measure of biodiversity, 
issues with bias resulting from differing species detectability frequently complicates hypothesis 
testing (Brose, Martinez & Williams, 2003). Estimates of evenness, in contrast, are more robust 
even when based on few samples, therefore abundance and evenness were used as my fish 
community response metrics (Brose, Martinez & Williams, 2003). Riverscape-scale patchiness 
in flow regimes is likely to be a very important driver of aquatic community patterns, however 
it is difficult to sample at that scale without losing data resolution or impacting fieldwork 
feasibility. Confluences represent hotspots of riverscape-scale heterogeneity that are feasible to 
sample at an intermediate scale to examine larger-scale patterns and processes. At each 
confluence I studied there were three ‘branches’ sampled: (1) upstream mainstem, (2) tributary 
and (3) downstream mainstem. I created confluence configuration categories to include the 
juxtaposition of different abiotic conditions, particularly physical disturbance associated with 
flooding as measured by the Pfankuch river disturbance index (Fig. 2.1). These confluence 
configurations included: (a) confluences between two ‘stable’ streams, (b) confluences between 
a ‘stable’ mainstem and a ‘disturbed’ tributary, (c) confluences with a ‘disturbed’ mainstem 
and a ‘stable’ tributary, and finally (d) confluences between two streams with ‘disturbed’ flow 




juxtaposition, and the role of spatial position in the confluence in influencing fish community 
evenness and abundance. I hypothesised that confluence configuration and branch would 
interact to produce highly spatially variable patterns in fish abundance (H1) and fish community 
evenness (H2). In addition, I hypothesised that the presence of tributaries with different abiotic 
conditions compared to the mainstem river would increase fish abundance (H3) and evenness 




I surveyed twelve confluences in the Canterbury high country, New Zealand. The presence of 
both large braided river floodplains in this area creating stable spring systems juxtaposed with 
highly flood-disturbed braided river channels, and springs associated with limestone in 
otherwise steep eroded catchments, made this a perfect environment for this research (Fig. 1). 
The confluences included in this study were a good representation of those present in the region. 
Confluences were selected to incorporate the four different combinations of flow disturbance 
regimes mentioned previously (‘confluence configuration’), and to be, where possible, 
junctions between third order mainstems and second order tributaries to control for the effects 
of stream size. Confluences were classified into the categories (a-d) using available 







Fig. 2.1: Field sampling design showing the four confluence configurations (upper 
panel) based on the combination of stable and disturbed flow regimes (solid and 
dashed lines respectively) within the three ‘branches,’ and the arrangement of 
sampling reaches within a branch (lower panel). ‘Stable’ streams had low flood 
disturbance, and ‘disturbed’ streams had high flood disturbance. Confluence 
configurations were (a)‘stable-stable’ (both mainstem and tributary classed as stable), 
(b)‘stable-disturbed’ (stable mainstem and disturbed tributary), (c)‘disturbed-stable’ 
(disturbed mainstem and stable tributary) and (d)‘disturbed-disturbed’ (both mainstem 
and tributary classed as disturbed), and each confluence involved three ‘branches:’ the 
tributary, upstream mainstem, downstream mainstem. Within each branch, five 





Each confluence survey involved sampling three ‘branches’ (Fig. 2.1). To ensure I sampled at 
an appropriate scale to resolve the spatial patterns of mobile species, I sampled five ‘reaches’ 
in each branch, making a total of 15 sampling reaches per confluence (Fig. 2.1). Sampling reach 
length was five times the stream width, and the distance between reaches was five times the 
average reach length for that branch. The reach sampled nearest the confluence began one reach 
length from the confluence, so the distance sampled for each branch was 130 times the stream 
width from the confluence. Sampling reach length was a constant multiple of the stream width 
(averaged over all five reaches in a branch) to avoid incorporating variability due to sampling 
different proportions of the available habitat depending on stream size (Peterson & Ver Hoef, 
2010). Moreover, five stream widths was sufficient to represent the habitat complexity in the 
smaller streams, and not so large that it was unachievable to sample reaches in larger rivers 
(>10 m wide) in a day. Each sampling reach was single-pass electrofished in an upstream 
direction without stopnets, and fish caught were identified to species. 
 
Single-upstream-pass electrofishing is useful for assessing fish abundance and assemblage 
structure in small streams (Simonson & Lyons, 1995), but to ensure this was a valid sampling 
approach for my system I also quantitatively electrofished eight 30-m reaches using three-pass 
electrofishing with stopnets; this sampling method is typically applied to evaluate the 
probability of detecting fish species and the precision of single-pass electrofishing abundance 
estimates (McIntosh, Crowl & Townsend, 1994;  Boddy & McIntosh, 2017). At each three-
pass site, a 30-m reach was delineated with stopnets at the top and bottom of the reach. Single-
pass electrofishing, as described above with reaches five times the stream width, was then 
conducted in the centre of the 30-m netted reach, followed by three to four runs of depletion 




spent electrofishing was recorded to ensure consistency of sampling effort between sites 
(Dauwalter & Pert, 2003).  
 
Electrofishing was undertaken using a Kainga EFM 300 backpack electrofisher (NIWA 
Instrument Systems, New Zealand) generating 400 – 600V of pulsed direct current. 
Electrofishing was conducted in a downstream direction into a pushnet, the standard practice 
for sampling fish communities dominated by trout and galaxiids in New Zealand streams 
(Townsend & Crowl, 1991). To measure spatial and temporal variation in water temperature I 
installed a logger (Onset HOBO pendant) in every branch of each sampled confluence (total of 
36 temperature loggers), to record hourly temperature measurements for the duration of the 
2014 – 15 austral summer, which the electrofishing was conducted at the end of. To detect finer 
scale temperature variation, spot temperature measurements were taken at every sampling reach 
at least four times during the summer. The HOBO logger data were used, with calibration from 
spot temperature measurements, to create temperature metrics for each reach, including average 
daily temperature, maximum daily temperature, average daily temperature range, and 
maximum daily temperature range. 
 
To quantify flow disturbance in confluence branches I used the Pfankuch River Disturbance 
Index (RDI) which combines visual estimates of 15 aspects of channel morphology including 
indicators from both the stream bed and banks to evaluate physical stability of a river channel 
(Pfankuch, 1975;  McHugh, McIntosh & Jellyman, 2010;  Jellyman, Booker & McIntosh, 
2013). Each site was scored by the same observer to maximise between-site consistency. 
Additional abiotic habitat variables were measured at every sampling reach, including: 
substrate size, water depth and velocity (three cross-sections per reach, six measurements per 
cross-section), wetted stream width, macrophyte cover, basic water chemistry (pH, dissolved 




cascades, riffles, runs, and pools (Leathwick et al., 2008;  Boddy & McIntosh, 2017). 
Macrophyte cover and percent of reach with different flow characteristics were visually 
estimated and mean substrate sizes were obtained using a Wolman Walk to select 50 random 
substrate particles for measurement of the beta axis (Green, 2003). I assessed the four 
confluence configuration categories using these measured habitat variables. 
 
Statistical analysis 
All analysis was conducted in R (R Development Core Team, 2016). RDI was intended to be 
used as a continuous variable in this study, however we were unable to find streams spanning 
the mid-range of RDI scores, thus we used RDI score was used to characterise each branch as 
either “stable” (RDI < 100) or “disturbed” (RDI >100). Principal components analysis (PCA), 
graphed using the lattice package (Sarkar, 2008), was used to investigate covariance between 
RDI and other abiotic habitat characteristics and to give a physical description of the 
confluences. This PCA was also used in conjunction with PERMANOVA (Oksanen et al., 
2017) to assess if physical site characteristics differed significantly depending on branch and 
confluence configuration. The precision of single-pass upstream electrofishing was assessed 
using linear regression against the quantitative three-pass electrofishing technique with 
stopnets. Fish community responses were total fish abundance and fish community evenness 
(i.e., how numerically equal species abundances were). 
 
Generalised linear mixed-effects models, created in lme4 (Bates et al., 2015), were used to test 
for an interaction between confluence configuration category (i.e., stable-stable, disturbed-
disturbed, stable-disturbed and disturbed-stable), and branch (i.e., tributary, upstream and 
downstream mainstem) on fish abundance and evenness. ANOVAs were used to compare 
between models with and without the interaction term to determine its significance. These 




I included branch and distance to confluence as a fixed effect, and confluence identity as a 
random effect. To evaluate potential spatial autocorrelation between reaches due to the nested 
nature of the study design, I created a spatial autocorrelation structure using Manhattan 
distances along each branch to include network distances between each pair of sites for each 
confluence. I then compared models with and without the spatial autocorrelation parameter 
using model outputs and AICc scores for small sample sizes to evaluate justification for 
inclusion in the following analysis. 
 
Marginal and conditional coefficients of determination (Nakagawa & Schielzeth, 2013) were 
used to assess model fit and were calculated with the MumIn package (Barton, 2016). R² 
marginal (R²m) expresses absolute model fit including only the fixed effects, while 
R²conditional (R²c) expresses model fit including both fixed and random effects. Because 
confluence identity was a random effect in my model (i.e., which of the twelve confluences the 
reach in question was from), comparing the R²m and R²c values allowed the importance of 
confluence-specific effects in explaining variability in the data to be evaluated. Graphs of the 




Defining confluence configurations 
My disturbance measure, RDI score, was the primary driver of the first principal component 
axis which explained 49% of the variation in physical characteristics between sites (Fig. 2.2). 
This supported the use of RDI scores in broadly categorising stream branches into ‘stable’ (RDI 
score < 100, low flow disturbance e.g. spring fed streams) and ‘disturbed’ (RDI > 100, high 




metrics, including average daily temperature, maximum temperature, average daily 
temperature range and maximum daily temperature range, had a relatively minor influence on 
the PCA axes (Fig. 2.2a). RDI was weakly positively correlated with average daily stream 
temperature and stream width, and was not correlated with elevation, mean substrate size or 
percent riffle or run.  
PERMANOVA results showed branch-related patterns in abiotic habitat characteristics 
differed significantly depending on confluence configuration (R2 = 0.1, df = 6, 24, p=0.001). 
Differences across the four confluence configurations were driven by the disturbance axis, 
where stable reaches had low axis one scores, and disturbed reaches had high axis one scores 
(Figs. 2.2b-e). Stable-stable and disturbed-disturbed configurations showed no consistent 
pattern in abiotic conditions associated with branch (Fig.2.2b and 2.2d, respectively) due to 
small differences between branches within each confluence, but grouped on the left and right 
of the axis one, respectively. The stable-disturbed configuration had consistently lower axis 
one scores in upstream reaches than tributary and downstream reaches, likely due to input from 
the disturbed tributary changing downstream reach disturbance characteristics (Fig. 2.2c). The 
disturbed-stable confluence configuration had consistently lower axis one scores and plotted 
further left in the stable tributary reaches, with the upstream and downstream mainstem reaches 
plotting further right with higher axis one scores (Fig. 2.2e). Interestingly, downstream 
branches in disturbed-stable configurations were displaced slightly left (lower axis one) than 
the upstream mainstem reaches, indicating the stable tributaries were having an influence, albeit 
a small one, on downstream mainstem physical habitat (Fig. 2.2e). Distribution of reaches along 
principal component axis two showed no pattern across configuration and branch types and 










Fig. 2.2: Principal Components Analysis of abiotic variables illustrating extent of (a) 
covariance between RDI (Pfankuch River Disturbance Index) and other physical 
variables, and (b-e) how abiotic site characteristics differed depending on confluence 
configuration and branch. Arrow length and direction in (a) show the relative 
influence and relationships between each of the seven most influential abiotic habitat 
variables: RDI, average daily temperature (average of hourly temperature 
measurement recorded over the 2014-15 summer), mean substrate size (the average 
of 50 substrate particles measured using the Wolman Walk), stream width (mean 
width in each reach), elevation (m) and % riffle and run (percent of reach consisting 
of cascades, riffles, runs, and pools). Panels b-e show individual reach locations 
within ordination space, categorised by confluence configuration. Reaches with RDI 
scores >100 were classified as ‘disturbed,’ and reaches <100 were classified as 
‘stable.’ ‘Stable-Stable’ (b) represents confluences between two stable streams, and 
‘Stable-Disturbed’ (c) represents confluences with a stable mainstem and a disturbed 
tributary. ‘Disturbed-Disturbed’ (d) represents confluences between two disturbed 
streams, and ‘Disturbed-Stable’ (e) configurations are confluences with disturbed 
mainstems and stable tributaries. Crosses represent reaches upstream of the 
confluence, triangles are tributary reaches, and circles are mainstem reaches 
downstream of the confluence. 
 
 
Qualitative electrofishing method 
Of the seven fish species encountered, five were native: alpine galaxias (Galaxias 
paucispondylus), Canterbury galaxias (Galaxias vulgaris), kōaro (Galaxias brevipinnis), 
longfin eels (Anguilla dieffenbachii) and upland bullies (Gobiomorphus breviceps). The 
remaining two were non-native salmonids: brown trout (Salmo trutta) and rainbow trout 




In the eight reaches where the effectiveness of the single-pass upstream electrofishing was 
compared to the 30-m three-pass technique, the single upstream pass method correlated well 
for Galaxiidae (R² = 0.99) and Salmonidae abundance (R² = 0.82), but was a less precise 
measure of overall fish diversity (R² = 0.63). Due to salmoniids and galaxiids making up 98.6% 
of total fish abundance on average, and 100% of total fish abundance at 91% of the sampled 
reaches, single-pass upstream electrofishing was deemed suitable for measuring overall fish 
abundance and community evenness. The poorer ability of the single upstream pass method to 
represent overall fish richness likely reflects low species richness in the system (seven species 
were encountered in total, with a maximum of four in a reach), limiting my strength of inference 
for fish diversity, thus this response was not evaluated in this study.  
Model structure 
As a main effect in the analysis, distance to confluence was not a significant predictor of fish 
community evenness (F=1.74, df=1, p=0.17). It was however a significant predictor of fish 
community abundance (F=21.39, df=1, p<0.0001), but had poor explanatory power at the fish 
community level; marginal R² increased from 0.16 to 0.165, and conditional R² from 0.316 to 
0.318 with its inclusion. The inclusion of spatial autocorrelation using Manhattan distances was 
not supported in any of my models, with identical model outputs, no increase in predictive 
performance, and elevated AICc scores for both response variables. This suggested my model 
format sufficiently accounted for the spatial structure of my data, and there were sufficient gaps 
between reaches for spatial autocorrelation to not compromise inference, therefore it was 
excluded from my final model. Both sets of models, however, had substantial differences 
between R²m and R²c, suggesting the random effect of confluence identity (i.e., which stream 







Table 2.1: Generalised linear mixed-effects model results showing interactions between 
confluence configuration and branch, and the main effect of distance to confluence on total 
fish abundance (per metre squared) and fish community evenness in each reach. R² 
marginal (R²m) expresses absolute model fit including only the fixed effects, while 







Fish community analysis 
The configuration of abiotic conditions around confluences (confluence configuration) and 
position of a sampled reach with respect to the confluence (branch) interacted significantly to 
create configuration-specific patterns in fish community abundance (F=57.91, df=6, p<0.001; 
Table 2.1), supporting my first hypothesis. Fish abundance was consistently low in upstream 
mainstem branches across all confluence configurations (Fig. 2.3). In comparison, confluence 
configuration had a large effect on tributary fish abundance. Disturbed tributaries connected to 
stable mainstems had much higher fish abundance than disturbed tributaries adjacent to 
disturbed mainstems, and had much higher abundances than any other tributary branch 
combination (Fig. 2.3). Fish abundance was higher in stable tributaries juxtaposed with stable 
mainstems, than in stable tributaries adjoining a disturbed mainstem. Thus, disturbed 
mainstems were always associated with low tributary abundance, in contrast to disturbed 




abundance. Downstream mainstem fish abundance differed little from upstream fish abundance 
in stable-stable and disturbed-disturbed configurations, but showed a slight increase in 
disturbed-stable confluences, and a substantial increase in abundance occurred in stable-
disturbed configurations compared to the mainstem upstream (Fig.2.3). Importantly, this meant 
fish abundance was higher, regardless of whether the mainstem was disturbed or stable, if the 
tributary stream contained a different disturbance regime to the mainstem (Fig. 2.3). I ruled out 
the possibility of this pattern being driven by edge effects as the significance and spatial patterns 
in abundance between branches were the same whether fish per metre or fish per metre squared 
was used as a response. Overall, these patterns suggest heterogeneity in flow disturbance 
regimes around confluences (disturbed-stable and stable-disturbed) generally produced higher 
fish abundance downstream of the confluence than homogenous confluences (stable-stable and 
disturbed-disturbed), supporting hypothesis three.  
My second hypothesis, that fish community evenness around confluences depended on an 
interaction between the configuration of the confluence and branch, was also supported 
(F=2.55, df=6, p=0.017; Table 2.1). Fish community evenness was not significantly different 
between configurations regardless of disturbance regime in upstream mainstem and tributary 
branches (Fig. 2.4). Fish community evenness was similar in disturbed downstream branches 
regardless of conditions upstream, however stable downstream branches with a disturbed 
tributary upstream had significantly higher evenness than downstream branches in stable-stable 
confluence configurations (Fig. 2.4). Overall, significant differences in fish community 
evenness only occurred between different confluence configuration categories in downstream 
mainstem branches, and communities were most even in stable downstream reaches with a 







Fig. 2.3: Results from a generalised linear mixed-effects model showing a significant 
interaction between confluence configuration and branch on total fish abundance per 
metre squared. Points are model estimates with 95% confidence intervals. Colours 
represent confluence configuration categories (red, disturbed-disturbed; blue, 
disturbed-stable; green, stable-disturbed; purple, stable-stable) and shapes represent 






Fig. 2.4: Results from a generalised linear mixed-effects model showing a significant 
interaction between confluence configuration and branch on fish community 
evenness in each reach. Points are model estimates with 95% confidence intervals. 
Colours represent confluence configuration categories (red, disturbed-disturbed; 
blue, disturbed-stable; green, stable-disturbed; purple, stable-stable) and shapes 





Understanding the importance of environmental heterogeneity for diversity and abundance of 
species is important in the face of increasing habitat homogenisation, especially of aquatic 
environments (Smith & Mather, 2013;  Zeni & Casatti, 2014). Despite the importance of 
confluences as discontinuities to river continua and potential to be ‘hotspots’ of heterogeneity, 
little is known about drivers of fish communities in confluence habitats (Czeglédi et al., 2015). 
I examined how the configuration of flow disturbance regimes around confluences in a highly 
diverse flow-disturbed riverscape affected fish abundance and community evenness patterns in 
stream networks. My results reveal configuration-dependent patterns in fish communities and 
spatially-transferred influence both upstream and downstream from the confluence, 
demonstrating the importance of understanding not just the presence of environmental 
heterogeneity, but its spatial context. 
Spatial patterns in fish abundance and evenness differed significantly between confluence 
branches, depending on the configuration of flow disturbance conditions around the confluence, 
supporting my first and second hypotheses. These configuration-dependent patterns are not 
entirely consistent with previous research suggesting fish abundance and diversity peak 
downstream of tributary confluences predominantly due to increased diversity in habitat 
structure (Fernandes, Podos & Lundberg, 2004;  Kiffney et al., 2006;  Hitt & Angermeier, 
2008). My results indicate these effects depend on how confluences are configured. The 
difference in conclusions could be attributed to prior studies not considering variation in habitat 
characteristics between mainstem and tributary branches (although see Hitt & Angermeier, 
2008 who assumed stream size represented local habitat conditions). My assessment of abiotic 
characteristics suggested disturbed tributaries entering stable mainstems could have a strong 




disturbed river systems had little impact on downstream habitat characteristics. This suggests 
that mainstem fish communities downstream of stable-disturbed confluence configurations are 
more likely to be influenced by the presence of the tributary than disturbed-stable 
configurations. This is quite obvious in my results. I observed similar fish abundance and 
community evenness scores in upstream mainstem and downstream branches in disturbed-
stable configurations, whereas stable-disturbed configurations had much higher fish abundance 
and evenness scores in downstream branches compared to the mainstem upstream. Thus the 
principal mechanism structuring fish communities was not an inherent increase in local habitat 
heterogeneity downstream of confluences, as previously suggested (Rice, Greenwood & Joyce, 
2001;  Benda et al., 2004), but instead the spatial arrangement of different habitat characteristics 
around the confluences drove changes in fish communities. That is, confluence configuration, 
rather than tributary presence per se, was most important. Often the influences of heterogeneity 
composition and configuration are not considered separately because they can be highly 
correlated in some systems (Bosem Baillod et al., 2017). However, my findings indicate the 
specific combination of different habitat types within a landscape can be important, and can 
have considerable influence on biotic communities. 
The presence of tributaries with different flow disturbance regimes to the mainstem river 
elevated fish community abundance and evenness, partially supporting my third and fourth 
hypotheses. However fish abundances were higher in disturbed tributaries with stable 
mainstems than in disturbed tributaries with disturbed mainstems. In comparison, stable 
tributaries juxtaposed with disturbed mainstems had lower abundances than tributaries in 
stable-stable configurations. This highlights the context-dependent spatial patterns in fish 
communities around confluences and shows the underappreciated role of spatially transferred 
influence through connected river networks. The potential for abiotic influences in freshwater 




been understudied, but may play a very important role in structuring fish communities in 
heterogeneous riverscapes through trade-offs between resource availability and competitive and 
predatory interactions (e.g. Brewitt, Danner & Moore, 2017) . Spatial context is therefore 
critical to consider when evaluating transfer of influence through mobile populations across 
diverse, connected landscapes. 
Configurations such as stable-disturbed and disturbed-stable confluences may create 
opportunities for source–sink and recolonisation dynamics by enhancing spatial heterogeneity 
in the riverscape (Pulliam, 1988;  Woodford & McIntosh, 2010), and explain configuration-
specific differences in branch-related patterns in fish abundance and evenness. Because the 
strength of biotic interactions is often related to variation in abiotic conditions (Power, Stewart 
& Matthews, 1988), the disturbed tributary in the stable-disturbed configurations may be 
changing the downstream flow disturbance regime sufficiently to moderate interspecific 
interactions and thus facilitate higher community evenness. In stable-disturbed configurations, 
both upstream mainstem and tributary evenness scores were low, but evenness was much higher 
in the mainstem downstream. Interestingly, the same was not true for disturbed-stable 
configurations. This suggests that the influence of the tributary on the physical characteristics 
downstream could be playing a role in addition to the presence of potentially more diverse 
source populations from different habitat types upstream, such as increasing downstream flow 
disturbance and moderating interspecific interaction strength. Salmoniids and galaxiids made 
up 98.6% of total fish abundance in this study, and trout in New Zealand are known to prey on, 
and competitively exclude, galaxiids (McDowall, 2003;  McIntosh et al., 2010). Thus it is 
possible that patterns in fish community evenness were driven by the relative abundance of 




Due to transferred influence upstream and downstream through mobile organisms, the spatial 
organisation of disturbance in a network has important implications for fish abundance and 
community evenness, particularly because the network propagates its effects in river 
ecosystems. While disturbance is widely regarded as a major driver of ecosystem structure, it 
is typically measured in terms of severity of impact (effect on local populations), intensity or 
magnitude, type (flood, fire, etc), temporal pattern (pulse, press or ramp), reoccurrence interval, 
and species vulnerability (Lake, 2000;  Iwasaki & Noda, 2018). I suggest the addition of 
configuration of disturbance within a landscape could lend insight to studies of mobile 
organisms in heterogeneous environments where populations exist within a spatial mosaic of 
disturbance, and source–sink and recolonisation dynamics are likely to be operating. 
Previously, ecologically ‘significant’ confluences have been thought to either be related to their 
spatial position in the network, or to their confluence symmetry ratio, i.e., the relative size of 
the tributary river compared to the mainstem (Kiffney et al., 2006;  Milesi & Melo, 2014;  Jones 
& Schmidt, 2017). I found the spatial layout of abiotic conditions around confluences can play 
an important role in determining fish community composition by influencing the presence and 
configuration of spatial heterogeneity. Situations such as the stable-disturbed configuration, 
where tributary fish abundance was exceptionally high, illustrate the importance of taking the 
configuration of abiotic conditions around confluences into account when examining ecological 
patterns in river networks. An enduring problem in ecological conservation efforts is 
understanding the drivers behind complex spatial patterns across landscapes (Kennedy et al., 
2016). In streams this is further complicated by the dendritic network arrangement of the 
riverscape. Tributaries can clearly be an important source of large-scale heterogeneity in river 
networks (Kiffney et al., 2006), supporting both higher fish densities and fish community 
evenness. To minimise the potentially dramatic outcomes of homogenization of freshwater 




need to address the spatial context of potential conservation sites and prioritize the protection 
of ecologically-important tributaries and their role in creating biologically significant 
confluences.  
In the face of increasing homogenisation of ecosystems globally, developing and using methods 
to identify heterogeneity ‘hotspots’ for management and conservation is going to be useful. A 
legacy of viewing stream networks as homogenous segments connected at nodes, recently 
compounded by increasing use of GIS lines and nodes to represent riverscapes, has caused 
scientists to avoid sampling near confluences as they are perceived as being not representative 
of the segment as a whole due to confluence-related patterns (Jones & Schmidt, 2017). 
However, I contend that this method of sampling misses ecologically-important confluence 
dynamics that are capable of producing abundance hotspots and higher fish community 
evenness at large spatial scales. For example, disturbed tributaries in stable-disturbed 
configurations had significantly higher fish abundances than other configurations, and may 
therefore be a ‘hotspot’ of ecological significance for targeted conservation. Understanding the 
configurations of spatial heterogeneity that create biologically important ‘hotspots’ would 
enable conservation programs to target sites for restoration or protection to enhance particular 
threatened species abundances, maximise species diversity, or to mediate interspecific 
interactions between threatened native species and economically significant introduced species. 
By focussing on empirical research of dynamics at the intersections between different habitat 
types in heterogeneous landscapes, we may gain much more insight into spatial processes 
affecting metacommunities than by large-scale spatial models based on interpolations between 








Plate 2.Photographs of a stable spring-fed stream (left) and a disturbed braided river (right) 
typical of those in the Canterbury High Country. 






Chapter Three:  
Invasion across river networks: spatial configuration of heterogeneity 
affects the influence of invaders on native fish 
Introduction 
With landscape-scale habitat homogenisation making freshwater ecosystems among the most 
highly threatened in the world (Dudgeon et al., 2006;  Zeni & Casatti, 2014), coinciding with 
the impacts of invasive species being disproportionately severe compared to terrestrial 
environments (Moorhouse & Macdonald, 2014), it is pertinent to understand how 
environmental heterogeneity affects native–invasive species interactions in freshwater 
systems. Habitat heterogeneity can sometimes promote coexistence between strongly 
interacting native and invasive species (Cantrell, Cosner & Lou, 2007), whereas strong native–
invasive interspecific interactions in homogenous environments can often lead to extirpation 
of native species (Maciel & Lutscher, 2018), so it is important to understand the characteristics 
of heterogeneity that facilitate coexistence. Moreover, understanding how native–invasive 
species interactions differ depending on the spatial configuration heterogeneity will progress 
our understanding of invasion in heterogeneous landscapes. 
Conceptualizing river systems as spatially continuous habitat mosaics will be important for 
addressing the influence of heterogeneity on river communities (Fausch et al., 2002). 
Discontinuities, potentially creating hotspots of heterogeneity, in river networks are most 
common at tributary confluences (Kiffney et al., 2006). By joining streams with potentially 
different size, flow regimes, and water quality, confluences can be important sources of 
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environmental heterogeneity in river networks (Rice, Greenwood & Joyce, 2001;  Benda et al., 
2004;  Kiffney et al., 2006). Furthermore, edge effects associated with confluence 
heterogeneity could be critical interfaces where biotic and abiotic processes interact to produce 
strong gradients in community composition (Fernandes, Podos & Lundberg, 2004;  Czeglédi 
et al., 2015; Chapter Two). The complexity of confluence geomorphology means determining 
relationships between tributary properties and aquatic communities is a major challenge (Rice, 
2017). Nevertheless, a primary form of environmental variability in river systems is the 
frequency and severity of flow-driven physical disturbance (Lake, 2000), so I expected the 
configuration of flow disturbance around confluences would be a major factor determining the 
influence of a confluence on the structure of biotic assemblages. 
In environments with spatially heterogeneous disturbance regimes, both biotic and abiotic 
factors are likely to structure communities (Jackson, Peres-Neto & Olden, 2001). In particular, 
heterogeneity in flow disturbance around confluences could influence the spatial distribution 
of non-native species, and therefore the outcome of native–invasive species interactions. 
Spatial heterogeneity in flow disturbance, for example, could control coexistence between 
native and invasive species with differing flow-related adaptations (Maciel & Lutscher, 2018).  
The juxtaposition of contrasting flow-disturbance regimes between tributary, and upstream and 
downstream mainstem river branches means mobile taxa, like fish, can access habitats with 
contrasting physical characteristics (Rice, 2017). This enables individuals to move between 
habitat patches to complement or supplement resources, and provides connection between 
‘source’ and ‘sink’ habitats (Fausch et al., 2002). If predation pressure from invasive fish is 
patchy across a heterogeneous invaded riverscape, native fish could be limited by source–sink 
dynamics (Basse & McLennan, 2003;  Woodford & McIntosh, 2010). Moreover, mobile 
species could propagate confluence heterogeneity effects, such as source–sink processes, 
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upstream and downstream from the confluence, and directional flow may mean influences are 
more easily propagated downstream than upstream. Therefore, spatial transitions in fish 
assemblage composition, from assemblages near the confluence influenced by confluence 
effects, to those further away potentially driven by local habitat conditions, are likely to occur 
more abruptly when travelling upstream from a confluence than downstream. Overall, if 
native–invasive interactions are moderated by flow disturbance, spatial patterns in the relative 
abundance of native and invasive species in invaded confluence habitats could be determined 
by the configuration of disturbance, and the direction and distance from a confluence. Thus, 
configuration of flow disturbance around confluences could explain much context-dependence 
in impacts of influential invasive predators.  
The influence of confluence-related heterogeneity on interactions involving non-native 
Salmonidae is likely to be particularly important. Salmonids are one of the most widespread 
invasive groups in the world due to a long history of introductions to establish recreational 
fisheries, and their consequent effects on native fish has become a major concern (Fausch, 
1988;  Lowe et al., 2000;  Hasegawa, Mori & Yamazaki, 2016;  Morita, 2018). For example, 
widely established populations of invasive trout have had severe effects on threatened native 
galaxiid species in the Southern Hemisphere (McDowall, 2006;  Habit et al., 2010;  McIntosh 
et al., 2010;  Jones & Closs, 2015;  Sowersby, Thompson & Wong, 2015). Importantly, the 
strong interactions of non-native salmonids play out across highly spatially heterogeneous river 
networks, and salmonids have both strong habitat preferences and are strongly influenced by 
physical habitat conditions like flooding (Fausch et al., 2001;  Budy et al., 2008;  Jellyman et 
al., 2017). Large trout (e.g. > 150 mm fork length), in particular, exert strong predation pressure 
on galaxiids in New Zealand (McIntosh et al., 2010), and occur in high densities in streams 
with stable flow, but are often less numerous in streams disturbed by flooding (Woodford & 
McIntosh, 2011). Therefore, strong trout predation in stable streams could lead to trout-
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dominated assemblages, whereas native fish might persist in disturbed streams because of 
weaker interactions with trout. I therefore expected confluences with different configurations 
of flow disturbance to provide insights into the context-dependency driving the strength of 
native–invasive interactions in heterogeneous river networks. 
To test a series of hypotheses evaluating if flow disturbance moderated native–invasive species 
interactions in river confluence habitats, I first established patterns of fish assemblage structure 
associated with ‘stable’ and ‘disturbed’ streams. I hypothesised that non-native salmonids 
would dominate stable streams and native galaxiids would form greater proportions of 
assemblages in flood-disturbed streams (H1). Secondly, I expected that the relative abundance 
of galaxiids would vary with confluence branch (upstream mainstem, tributary or downstream 
mainstem), confluence configuration (spatial arrangement of stable and/or disturbed flow 
conditions around the confluence) and distance from the confluence (H2). Here, I expected 
stronger distance-to-confluence patterns around confluences between stable and disturbed 
streams, than at confluences between two similar streams. I also hypothesised that distance-to-
confluence effects would be stronger upstream, compared to downstream, due to flow 
directionality (H3). Finally, I predicted that the relative abundance of trout and galaxiids would 
be driven by large predatory trout reducing the abundance of small galaxiids (H4), with the 




I surveyed twelve river confluences in the Canterbury high country, South Island, New 
Zealand. Four confluence configuration categories were selected to include different 
combinations of flow-driven physical disturbance. These confluence configurations included: 
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(a) confluences between two ‘stable’ streams, (b) confluences between a ‘stable’ upstream 
mainstem and a ‘disturbed’ tributary, (c) confluences with a ‘disturbed’ upstream mainstem 
and a ‘stable’ tributary, and finally (d) confluences between two streams with ‘disturbed’ flow 
regimes (Fig. 2.1). Confluences were therefore labelled according to their configuration of 
flow-driven physical disturbance (Fig. 2.1). Where possible, I sampled confluences between 
third order streams (mainstems) and second order streams (tributaries) to control for the effects 
of stream size.  
Each confluence survey involved sampling three ‘branches’ (Fig. 2.1). To ensure I sampled at 
an appropriate scale to resolve the spatial patterns of mobile species, I sampled five ‘reaches’ 
in each branch, making a total of 15 sampling reaches per confluence (Fig. 2.1). The length of 
each sampled reach was five times the stream width, and the distance between reaches was five 
times the average reach length for that branch. The reach sampled nearest the confluence began 
one reach length from the confluence, so the distance sampled for each branch was 130 times 
the stream width from the confluence. Sampling reach length was a constant multiple of the 
stream width, averaged over all five reaches in a branch, to avoid incorporating variability due 
to sampling different proportions of the available habitat depending on stream size (Peterson 
& Ver Hoef, 2010). Moreover, five stream widths was chosen to adequately represent the 
habitat complexity in the smaller streams, and not so large that it was unachievable to sample 
reaches in larger rivers (>10 m wide) in a day. Each sampling reach was single-pass 
electrofished in an upstream direction with push-nets, but without stopnets that spanned the 
river width at each end of the reach. Results of this approach correlate well with more intensive 
quantitative techniques in these streams, both for Galaxiidae (R2=0.99) and trout (R2=0.82) 
abundance (Chapter Two). Fish caught were identified to species and size classes recorded 
based on fork length. Galaxiidae were sorted into three size classes: young of year (< 60 mm), 
1+ (60-90 mm), and 2+ (> 90 mm; Woodford & McIntosh, 2013). Salmonidae were also sorted 
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into three size classes: young of year (< 50 mm; Baltz & Moyle, 1984), medium (50-150 mm) 
and large (> 150 mm). The 150-mm size threshold was chosen to distinguish large brown and 
rainbow trout capable of consuming all sizes of galaxiids from medium size trout that are not 
capable of such predation (McIntosh, 2000).  
To quantify flow disturbance in confluence branches, I used the Pfankuch River Disturbance 
Index (RDI), which combines visual estimates of 15 aspects of channel morphology, including 
indicators from both the stream bed and banks, to evaluate physical stability of a stream channel 
(Pfankuch, 1975; McHugh et al., 2010; Jellyman et al., 2013). RDI scores were used to classify 
upstream mainstem and tributary branches into ‘stable’ (RDI score < 100, low flow disturbance 
e.g. spring-fed streams) or ‘disturbed’ (RDI score > 100, high flow disturbance e.g. braided 
rivers). I used RDI scores above or below 100 to broadly categorise stream habitat types 
(Chapter Two). Confluences were labelled according to their upstream mainstem and tributary 
RDI scores, for example a confluence with a stable mainstem and a disturbed tributary was 
categorised as ‘stable-disturbed.’ 
Statistical analysis 
To evaluate fish assemblage change in response to different confluence configurations, I 
analysed the proportion of the fish assemblage that was composed of native species. This was 
calculated as the abundance of all native species in a reach as a proportion of the total fish 
abundance in the reach. Reaches with no fish present were removed from analyses. 
Generalised linear mixed-effects models, created using the lme4 package in R (Bates et al., 
2015), were used to test for a three-way interaction between confluence configuration category 
(i.e., stable-stable, disturbed-disturbed, stable-disturbed or disturbed-stable), branch (i.e., 
tributary, upstream or downstream mainstem), and distance to confluence affecting the 
proportion of the fish assemblage that was native. The distance to confluence variable was 
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trialled in two forms. Firstly, linear distance in metres from the confluence to the nearest end 
of the reach, a method that represented travel distance between reaches. Secondly, I used 
distance measured in reach lengths from the confluence, a method incorporating differences in 
stream size which assumes fish assemblage patterns shift more gradually in larger rivers than 
small streams. A generalised linear mixed-effects model (glmer) was created with each option 
and ANOVA used to compare between models. There was no significant difference in variance 
explained, however the distance in metres model had a higher AIC score (815.3 vs. 802.2), and 
issues with model convergence and overdispersion. I therefore progressed with modelling 
using distance measured in reach lengths from the confluence. 
 ANOVAs were used to compare between models with and without interaction terms to 
determine their significance. These models were specified with binomial error distributions, 
and confluence configuration, branch and distance to confluence were included as fixed effects, 
and confluence identity as a random effect. Marginal and conditional coefficients of 
determination (Nakagawa & Schielzeth, 2013) were used to assess model fit, and were 
calculated using the MumIn package (Barton, 2016). R² marginal (R²m) was used to express 
absolute model fit including only the fixed effects, while R²conditional (R²c) was used to 
express model fit including both fixed and random effects. Because confluence identity was a 
random effect in my model (i.e., which of the twelve confluences the reach in question was 
from), comparing the R²m and R²c values allowed the importance of confluence-specific 
effects in explaining variability in the data to be evaluated. Partial effects plots of the glmer 
model results were produced using the ggplot2 (Wickham, 2009) and effects (Fox, 2003) 







Site and habitat characteristics 
Using RDI scores to split upstream mainstem and tributary branches into ‘stable’ (RDI < 100) 
or ‘disturbed’ (RDI > 100), I was able to characterise the combinations of physical streambed 
disturbance in different confluence configurations. Mainstem RDI scores in disturbed-
disturbed and stable-stable configurations changed little between upstream and downstream 
reaches, but the configurations with both stable and disturbed conditions upstream saw 
substantial changes in RDI scores downstream because of tributary influence (Table 3.1). As a 
result of tributary influence, mainstem reaches of stable-disturbed systems became much more 
disturbed (i.e., higher RDI score) downstream of the tributary confluence whereas disturbed-
stable mainstems became more stable (i.e., lower RDI score) downstream (Table 3.1). A similar 
pattern of tributary influence was seen in the average daily temperature measures (Table 3.1). 
While average discharge was similar between disturbed mainstems (1.38 m3/s) and stable 
mainstems (1.47 m3/s), disturbed mainstems were generally much wider and shallower, 
reflecting a major difference in channel characteristics. This geomorphology difference could 
influence fish assemblage composition in addition to flow disturbance history. 
Fish assemblage characteristics 
In total, 4,368 fish from seven different species were caught. This included five native species: 
alpine galaxias (Galaxias paucispondylus), Canterbury galaxias (Galaxias vulgaris), kōaro 
(Galaxias brevipinnis), longfin eels (Anguilla dieffenbachii) and upland bullies 
(Gobiomorphus breviceps); and two non-native salmonids: brown trout (Salmo trutta) and 
 
46 
rainbow trout (Oncorhynchus mykiss). Average fish density per unit area was the lowest in 




Table 3.1: Biotic and abiotic characteristics of stream reaches, summarised by branch and configuration. Variables included average fish 
abundance (per metre squared of reach area), abundance range (maximum abundance– minimum abundance across all reaches), average 
Shannon Diversity Index value, maximum species diversity across all reaches, average proportion of total fish abundance at a site 
composed of native species, average substrate size (in mm, based on the Wolman Walk method),  average stream width (m), average 
Pfankuch River Disturbance Index (RDI) score, and average daily temperature (ºC, based on average values calculated from  hourly 





stable-disturbed confluence configurations (0.38-1.33 fish / m2; Table 3.1). Species richness 
varied among sites and reaches from one to four taxa. Across sites, the most abundant taxa 
were G. paucispondylus (37.1% of total catch), S. trutta (28.4%), O. mykiss (18.7%) and G. 
vulgaris (13.1%), and the rarest taxa were G. breviceps (1.4%), G.brevipinnis (1.3%) and A. 
dieffenbachii (<0.1%). Trout and galaxiids combined made up 98.6% of total fish abundance 
on average in a reach, so any patterns in relative abundance of native fish reflect variation in 
abundance of these two groups. Average proportion of the fish assemblage that was native 
across all sites was 44%, ranging from 89% in stable-disturbed tributary branches to 4% in 
stable-stable downstream mainstem branches. Below, I focus on the drivers of the relative 
abundance of native galaxiids in these assemblages. 
Relative abundance of native and introduced fish 
Stable branches had significantly lower proportions of native fish in the community than 
disturbed branches, irrespective of confluence configuration (χ² = 37.15, df = 1, p < 0.001; Fig. 
3.1) in my glmer models including all sites (structured: proportion native ~ branch disturbance 
+ branch + distance to confluence + (1|confluenceID)). Overall, non-native trout dominated the 
fish assemblage in stable branches throughout stream networks (low % native), and galaxiids 
made up the majority of the fish assemblage in disturbed branches (high % native), supporting 
my first hypothesis. Thus, higher densities of brown and rainbow trout were associated with 
more stable flow conditions. 
My second hypothesis, that the proportion of the fish assemblage that was native would vary 
as a result of a three-way interaction between branch (i.e., flow direction matters), 
configuration (i.e., spatial context matters) and distance (i.e., proximity to confluence matters), 
was also supported (χ² = 50.7, df = 11, p < 0.001, R²m = 0.36, R²c = 0.66). To better understand 
















Fig. 3.1: Partial effects plot showing the proportion of the fish assemblage that was 
native compared to non-native, depending on whether the branch a site was located 
in was stable or disturbed. Points are model estimates with 95% confidence intervals. 
 
 
tributary and downstream) separately to investigate the configuration by distance interaction 
in more detail. 
For tributary branches, there was no significant interaction between confluence configuration 
and distance from confluence affecting the proportion of the fish assemblage that was native. 
Therefore, the distance to confluence effects were independent of changes in fish assemblages 
associated with confluence configurations. Preliminary graphing indicated branch disturbance 




branches, so I compared a model with ‘configuration + distance’ to a model with ‘branch 
disturbance + distance.’ ‘Stable’ branches had RDI scores less than 100, whereas ‘disturbed’ 
branches had RDI scores greater than 100. There was no significant difference in the variance 
explained by the two models (χ² = 2.19, df = 2, p =0.33); however, the branch disturbance 
model had a lower AIC score (181.1 vs. 183), so branch disturbance was a slightly better 
predictor. The model with branch disturbance as a factor showed that a significantly higher 
proportion of the fish assemblage was native in disturbed tributaries than stable tributaries (χ² 
= 5.7, df = 1, p = 0.017, R²m = 0.28, R²c = 0.71; Fig. 3.2). Distance to confluence was also a 
significant main effect in the tributary branch disturbance model, with higher proportions of 
native fish close to the confluence than further upstream (χ² = 4.93, df = 1, p = 0.026). 
There was also a significant interaction between confluence configuration and distance to 
confluence, both in upstream (χ² = 8.56, df = 3, p < 0.036, R²m = 0.4, R²c = 0.77) and 
downstream (χ² = 17.53, df = 11, p < 0.001, R²m = 0.42, R²c = 0.74) mainstem branches (Fig. 
3.3). For example, downstream reaches had very different proportions native compared to 
upstream reaches in stable-disturbed configurations, but little difference was observed in 
disturbed-stable configurations despite both configurations having the same pairs of branch 
disturbance upstream. Finally, disturbed-disturbed configurations had extremely low fish 
abundances, both upstream and downstream, and so the proportions of native fish were highly 
variable. Thus my prediction that there would be stronger distance to confluence patterns in 
configurations with a stable and a disturbed stream than in configurations with two similarly 







Fig 3.2: Partial effects plot showing difference in proportion of the fish assemblage 
that was native in tributaries depending on whether it was stable or disturbed. Circles 
are model estimates with 95% confidence intervals, and triangles are raw data points, 
coloured by confluence configuration (red, disturbed-disturbed; blue, disturbed-






Fig 3.3: Partial effects plot showing interactions between confluence configuration 
and distance to confluence on the proportion of the fish assemblage that was native in 
both upstream (a) and downstream (b) reaches. Lines represent model estimates (solid, 
stable; and dashed, disturbed), and shapes and colours represent confluence 




stable-disturbed; and purple, stable-stable). Lines with significantly different slopes 
are coded with different letters (A-C). 
In upstream mainstem branches, the native portion of the fish assemblage declined with 
increasing distance from the confluence in disturbed-disturbed, disturbed-stable and stable-
stable configurations (Fig. 3.3a). However in stable-stable upstream mainstem branches the 
proportion native increased further from the confluence (Fig. 3.3a). Overall, regardless of 
distance to confluence, mainstem reaches upstream of confluences tended to have lower 
relative abundance of native fish in stable branches than disturbed branches, as I expected, but 
distance from confluence effects differed depending on confluence configuration. 
In mainstem branches downstream of confluences, disturbed-stable and disturbed-disturbed 
confluence configurations both had higher relative abundance of native fish near the confluence 
than further from it (Fig. 3.3b). Both configurations also had significantly different 
relationships between relative abundance of native fish and distance to confluence compared 
to all other configurations, with proportion native decreasing much more strongly with distance 
to confluence in disturbed-disturbed than disturbed-stable configurations (Fig. 3.3b). Stable-
disturbed and stable-stable configurations did not have significantly different relationships, 
with proportions native increasing with distance from the confluence in both configurations 
(Fig. 3.3b). Thus my third hypothesis that distance to confluence effects would be stronger 
upstream compared to downstream due to directional flow was supported, with steeper slopes 
between relative abundance of native fish and distance from the confluence in upstream 
mainstem than in downstream mainstem branches (Fig. 3.3). 
Size class analysis 
To examine mechanistic drivers of changes in the proportions of fish that were native, I first 




examined the relative abundance of vulnerable galaxiid size classes. Proportional abundance 
of each galaxiid size class differed significantly with disturbance in tributaries (χ² = 56.3, df = 
2, p < 0.001; Fig. 3.4a). Young-of-year galaxiids made up a significantly larger proportion of 
total fish abundance in disturbed tributaries, increasing the relative abundance of native fish in 
disturbed compared to stable tributaries (Fig. 3.4a). Disturbed tributaries also contained 
significantly higher proportions of 1+ galaxiids compared to stable tributaries, but they still 
made up a relatively small proportion of total fish abundance (Fig. 3.4a). No significant 
difference was detected in the relative abundance of 2+ galaxiids in stable and disturbed 
tributary branches. Trout sizes also differed significantly with tributary disturbance (χ² = 16.7, 
df = 2, p < 0.001; Fig. 3.4b), with disturbed tributaries having significantly lower proportions 
of large trout (i.e., > 150 mm), likely limiting the strong predatory influence of trout in those 
areas (Fig. 3.4b).  
The relationship between the configuration of flow disturbance and changes in the proportion 
of fish that were native were more complex in mainstems upstream and downstream of 
confluence branches due to the influence of distance from confluence. For example, higher 
relative abundances of native fish in upstream mainstem branches near the confluence in 
disturbed-disturbed, disturbed-stable and stable-disturbed configurations were driven by high 
abundances of YOY galaxiids, which were associated with extremely low abundances of trout 
> 150 mm at these locations. In disturbed-disturbed and stable-disturbed reaches the abundance 
of YOY galaxiids was dramatically reduced moving upstream from the confluence, coinciding 
with higher relative abundances of trout (Fig. 3.3).  
To further investigate the potential effects of large trout on YOY galaxiid abundance I analysed 
their abundance across all configurations and branches: relative abundance of YOY galaxiids 




R²m = 0.22, R²c = 0.62; Fig. 3.5). This model predicted < 0.01% of the fish present at a site 





Fig 3.4: Partial effects plot showing proportions of total fish abundance made up by 
each size class of galaxiid (a) and trout (b) in tributaries depending on whether the 
tributary was stable or flood-disturbed. Points are model estimates with 95% 
confidence intervals. Shapes represent different fish size classes. 
 
 
Fig 3.5: Partial effects plot showing the proportion of the fish assemblage comprised 
of young of year (YOY) galaxiids in relation to the proportion of the fish assemblage 
that was made up of trout larger than 150 mm long. Points represent raw data values, 




greater than 16% of the assemblage. These results support my fourth hypothesis, that galaxiid 
abundance would be driven by large predatory trout. Importantly, my results reveal that this 
pattern was primarily driven by the vulnerability of YOY galaxiids to large trout. This was a 
fairly simple relationship in the tributary branches, but patterns were made more complex by 
distance to confluence effects, and tributary disturbance regimes modifying downstream 
habitat conditions in upstream mainstem and downstream branches. These results support my 
fifth hypothesis that the outcome of interspecific interactions was contingent on the spatial 
configuration of disturbance within branches. 
Discussion 
As human activities continue to fragment and homogenise habitats, it is important to 
understand the role of spatial heterogeneity in invasion processes (Olden, 2006;  Maciel & 
Lutscher, 2018). Despite the importance of confluences as sources of heterogeneity in river 
systems, little is known about how the spatial configuration of habitat around confluences 
influences interactions between native and non-native species in invaded riverscapes (Cathcart 
et al., 2018). I examined how different configurations of flow disturbance around confluences 
influenced spatial patterns in the distribution of native galaxiids and introduced trout in New 
Zealand rivers. My results revealed highly context-dependent distributions of native galaxiids 
and non-native trout, which depended on confluence configuration, distance to confluence and 
direction of flow. These factors created distinct patterns in relative abundance of fish driven by 
the configuration of disturbance around confluences. 
Many of the patterns I found in native and non-native species relative abundance were 
ultimately driven by the sensitivity of non-native trout to flood disturbance. I found both brown 
and rainbow trout densities and distributions were negatively affected by flood-disturbance, as 




result, the proportion of the fish assemblage that was native differed depending on flood 
disturbance, with low proportions of native species in stable branches, and high proportions of 
native fish in more disturbed branches, supporting my first hypothesis. This pattern was driven 
by high abundances of young-of-year (YOY) galaxiids in more disturbed branches, and very 
little co-occurrence between YOY galaxiids and large trout in more stable stream branches 
where large trout were more numerous, supporting my fourth hypothesis. Strong predation 
pressure on non-migratory galaxiids by large trout is a common feature of trout-galaxiid 
interactions, and is especially evident given the rarity of galaxiid fry in trout-invaded reaches 
(Jellyman & McIntosh, 2010;  Woodford & McIntosh, 2010). Therefore, predation by large 
trout on YOY galaxiids was likely a primary driver of native fish distributions across all stream 
branches and confluence configurations. Invasive species abundance often drives their impact 
on native species (Kumschick et al., 2015;  Latzka et al., 2016), so by limiting densities of 
large piscivorous trout, flood disturbance likely mediates the strength of native–invasive 
interactions in these riverscapes. 
Confluences are likely to considerably alter fish assemblages across riverscapes by causing 
spatial heterogeneity in disturbance regimes which in turn mediates these interactions between 
native and non-native species. Changes in fish abundance and assemblage composition around 
confluences in South Island high country rivers are driven by the spatial configuration of flow 
disturbance at the confluence (Chapter Two). Together, these results indicate that patterns in 
fish assemblages are likely driven by interspecific interactions acting out over a complex spatial 
habitat mosaic. I found a significant interaction between the configuration of flow disturbance, 
spatial position with regard to the confluence (tributary, upstream mainstem or downstream 
branch) and distance to the confluence affecting the proportion of fish assemblages composed 
of native species, supporting my second hypothesis. The interaction between confluence 




recolonisation may be occurring in these systems, and influencing the relative abundance of 
native and invasive fish. 
Assemblages in systems with high environmental variability are predicted to be driven more 
by stochastic processes such as recolonisation dynamics and presence of refugia, compared to 
those with low variability, where convergent processes like biological interactions might be 
stronger (Schlosser & Kallemeyn, 2000;  Chase et al., 2009). However, to further develop our 
understanding, we need to appreciate how these processes combine at network nodes such as 
confluences. I found that connection of stable-flowing and highly flood-disturbed streams by a 
confluence interacted to create important spatial patterns in species assemblages because of the 
strong invader-driven interactions in stable habitats. For example, in stable-disturbed 
confluence configurations, stable upstream mainstems contained very low proportions of 
native fish (< 20% of the fish assemblage native), the disturbed tributaries had very high 
proportions of native fish (> 80%), but downstream, there was higher co-occurrence, with fish 
assemblages around 60% native. This spatial pattern was likely driven by trout-dominated 
assemblages in the stable upstream mainstem and flood-adapted galaxiid-dominated fish 
assemblages in the disturbed tributary, both providing source populations to downstream 
reaches. Invasive trout and non-migratory galaxiids co-occur much more often than they 
coexist (Woodford & McIntosh, 2010), and it is unknown whether these downstream reaches 
are sink habitats for native fish. Thus, while I can establish that heterogeneity in flood 
disturbance between upstream mainstem and tributary branches can increase co-occurrence 
between native and invasive fish species downstream of the confluence, I do not know if this 
heterogeneity actually facilitates coexistence such that galaxiids can successfully reproduce in 




The influence of tributaries on the physical characteristics downstream of confluences could 
also play a role in determining whether co-occurrence occurs in addition to the presence of 
potential source populations upstream. The stable-disturbed (i.e., disturbed tributary) 
confluence configuration mentioned above contrasts with the patterns found in the disturbed-
stable (i.e., stable tributary) confluences, which had almost entirely native fish assemblages in 
the mainstem both upstream and downstream of the confluence despite the presence of a stable 
tributary with very low proportions of native fish. Because the strength of biotic interactions is 
likely driven by abiotic conditions, the disturbed tributary in the stable-disturbed configurations 
changing the downstream flow to more intermediate levels of disturbance may have been 
sufficient to moderate interspecific interactions between galaxiids and trout, and thus promote 
co-occurrence by limiting predation by large trout downstream. This is consistent with previous 
studies reporting native species persistence in invaded habitat being mediated by disturbance 
limiting predation pressure, and fish diversity being maximized at intermediately disturbed 
sites (Jackson, Peres-Neto & Olden, 2001;  Woodford & McIntosh, 2011). Therefore 
heterogeneous disturbance conditions around confluences could facilitate co-occurrence, but 
not necessarily coexistence, between native and invasive fish species through colonist supply 
or by moderating interaction strength. 
Another important aspect of these confluence influences is that species interactions could also 
limit the direction and distance that individuals can disperse (Ganio, Torgersen & Gresswell, 
2005). I found a significant interaction between confluence configuration and distance to 
confluence in both mainstem upstream and downstream branches that affected the relative 
abundance of native fish. Thus, it was not simply the presence of heterogeneity, but also the 
spatial configuration and proximity of various habitats, that were important in determining 
assemblage composition. Significant distance-to-confluence effects affecting fish assemblages 




propagate confluence influences in both the upstream and downstream directions. Directional 
flow likely created effects that were more easily propagated downstream than upstream, thus 
transitions in the proportions of native fish observed occurred more abruptly upstream from a 
confluence than downstream. This supports my third hypothesis, and is consistent with 
upstream shifts in assemblages away from confluences being often abrupt (Thornbrugh & 
Gido, 2010). Nevertheless, some tributaries are capable of impacting mainstem biotic 
communities up to several kilometres downstream depending on the mainstem disturbance 
regime (Rice, Greenwood & Joyce, 2001;  Benda et al., 2004;  Woodford & McIntosh, 2011). 
I was able to detect upstream shifts in the relative abundance of native fish, both in upstream 
mainstems and tributaries, however downstream effects were weak, so I was unable to resolve 
the downstream extent of confluence effects, or if interactions were affected indefinitely 
downstream.  
The propagation of confluence effects was directionally-biased, suggesting source–sink 
dynamics likely will be too. Certain confluence configurations likely create opportunities for 
source–sink and recolonisation dynamics by enhancing riverscape spatial heterogeneity, which 
could explain some configuration-specific differences in distance-related patterns I observed. 
Elevated relative abundances of native fish near confluences in stable upstream branches of 
stable-disturbed configurations where large trout would normally eliminate galaxiids are likely 
indicative of sink populations of galaxiids. Galaxiids can persist in sink habitats near sources 
where propagule pressure is high, but because propagule pressure decreases with increasing 
distance to the source (Woodford & McIntosh, 2011), proximity to source populations likely 
affects spatial patterns in co-occurrence within sink habitats in invaded riverscapes. Dramatic 
shifts in community composition in close proximity to confluences have also been associated 
with fish moving between more physiologically suitable, but food-limited habitat, and less-




of vulnerable native species in invaded riverscapes, these ‘attractive sink’ habitats could 
represent resource-rich habitats offering higher growth rates but with a trade-off of increased 
mortality, and potentially reduced chances of successful reproduction (McIntosh et al., 2010;  
Timus et al., 2016). This could be problematic if species vulnerable to attractive sinks do not 
perceive any increased predation risk.  
 Stable-stable confluence configurations were characterised by universally low relative 
abundance of native galaxiids regardless of distance to confluence and were likely sink habitat 
resulting from strong interspecific interactions with trout (Woodford & McIntosh, 2010). In 
contrast, disturbed-disturbed configurations had extremely low total fish abundance, and highly 
variable proportions of native fish. These disturbed-disturbed situations are likely the result of 
disturbance-driven ‘pseudosinks’ rather than interactions between native and non-native 
species. For example, Woodford and McIntosh (2010) identified flood-disturbed and large 
streams as likely pseudosinks for non-migratory galaxiids in New Zealand, whereby very low 
abundances of galaxiids were isolated from source streams, and as such, susceptible to localised 
extinction. Therefore confluences with homogenous configurations of flow disturbance, 
whether stable or disturbed, tended to have lower abundance, and lower proportions of native 
fish. An interesting point for further development, therefore, would be to directly contrast fish 
abundance and proportion of the fish assemblage that is native in homogenous versus 
heterogeneous configurations of flow disturbance to determine the inherent value of 
confluence-related heterogeneity for fish assemblages. 
In the face of increasing homogenisation of ecosystems globally, developing and using methods 
to identify heterogeneity influences for management and conservation is going to be crucial. 
My results, revealing the role of spatial configuration of flow disturbance around confluences 




previous studies (Thornbrugh & Gido, 2010;  Brewitt, Danner & Moore, 2017;  Peláez, 
Azevedo & Pavanelli, 2017), highlight the importance of spatial context in determining local 
assemblage characteristics. Importantly, understanding how invasive species impacts vary with 
physical heterogeneity, provides an opportunity to strategically prioritize management efforts 
at large spatial scales to minimise invader impacts (Hansen et al., 2013;  Vander Zanden, 
Hansen & Latzka, 2017). Moreover, revealing the causes of context-dependence in invasive 
predator impacts, helps fill the knowledge gap around how species traits and spatial 
heterogeneity influence invader impacts (Kumschick et al., 2015;  Latzka et al., 2016), 
potentially enabling targeted management of high risk locations. In addition, confluence-
focussed management could promote co-occurrence, and hopefully coexistence, as an effective 
solution in globally common situations where invasive fish species such as trout are 
recreationally and economically important, but are impacting endangered native species. 
Management actions such as environmental flow setting or maintenance of existing 
heterogeneity could prioritize the protection or restoration of mutually beneficial 






Plate 3. Photographs of an adult Galaxias paucispondylus (top) and large Salmo trutta 
(bottom) caught during fieldwork in the Canterbury High Country. 






Chapter Four:  
Spatial heterogeneity in flow-disturbance influences abundance and 
temporal stability in native–invasive species co-occurrence in 
riverscapes 
Introduction 
Ecological systems are commonly influenced by spatial heterogeneity in environmental 
processes creating geographically-patchy habitats (Pickett & Cadenasso, 1995). In freshwater 
ecosystems, much like their terrestrial and marine counterparts, small-scale habitat 
heterogeneity is often associated with higher species richness and spatial variability in 
assemblage composition, such as amongst stream fishes (Fernandes, Podos & Lundberg, 2004;  
Smith & Mather, 2013;  Peláez, Azevedo & Pavanelli, 2017). In contrast to the well-studied 
effects of small-scale environmental heterogeneity on communities, the relationship between 
larger scale environmental heterogeneity and ecosystem stability is not well understood. 
McCluney et al. (2014) hypothesised that a decrease in habitat heterogeneity in a river network 
will tend to amplify catchment-scale variation in ecological communities over time, suggesting 
homogenisation of abiotic variables could lead to destabilisation of communities through 
decreases in the resistance and resilience of freshwater biota to disturbance. Moreover, spatial 
dynamics such as dispersal between habitat patches can stabilise biotic communities and 
facilitate the coexistance of interacting species (Bellmore, Baxter & Connolly, 2015;  Gravel, 




play a crucial role in dispersal-aided community stability by producing variation in source 
populations for recolonisation.  
Disturbance is a key component of all ecosystems affecting biological communities at both 
large and small spatial and temporal scales (Fraterrigo & Rusak, 2008). Habitat heterogeneity 
can buffer the impacts of disturbance at a regional scale, by creating spatial variation in the 
magnitude, duration and frequency of disturbances (Donohue et al., 2016). Thus, individuals 
from less-affected areas are able to recolonise more heavily impacted areas nearby to produce 
higher temporal stability in communities (Turner, 1989;  Caswell & Cohen, 1991;  Brown, 
2007). While stability has many meanings in ecology (Grimm & Wissel, 1997), here it is 
defined as the mean of an ecosystem function, divided by its temporal standard deviation 
(Wilcox et al., 2017). In freshwater ecosystems, large-scale habitat heterogeneity could be 
increased through the spatial juxtaposition of habitats with very different disturbance regimes 
(Kennedy et al., 2016). Because fluctuations in stream flow are the major form of disturbance 
in stream ecosystems (Hart & Finelli, 1999;  Bunn & Arthington, 2002;  Poff & Zimmerman, 
2010), we might expect variation in flood-disturbance regimes to be a primary source of large-
scale heterogeneity in river systems, and a key factor determining stream fish assemblage 
composition and stability at these scales. 
It has been accepted that abiotic factors such as environmental heterogeneity and disturbance 
history may play a significant role in community stability at broad spatial scales (Anderson, 
2017;  Wilcox et al., 2017), however the strongest environmental control of species 
composition has been predicted at intermediate spatial scales, where dispersal is both not so 
high as to obscure the effects of spatial heterogeneity, or so low that differences in assemblage 
structure are more related to historical processes (Peláez, Azevedo & Pavanelli, 2017). 




the importance of interspecific interactions in structuring fish communities (Jackson, Peres-
Neto & Olden, 2001). Variability in interspecific interactions and invasive species impacts has 
often been termed ‘context dependent’ (Chamberlain, Bronstein & Rudgers, 2014;  Latzka et 
al., 2016;  Vander Zanden, Hansen & Latzka, 2017). In the case of native–invasive interactions, 
understanding the drivers behind these variable outcomes is crucial. Spatial heterogeneity may 
provide differentially-disturbed, spatially-juxtaposed source populations to sustain coexistence 
or co-occurrence of native and invasive species near habitat boundaries, thus playing a large 
role in promoting community stability at larger spatial scales (Wilcox et al., 2017). In contrast, 
homogenization of environmental conditions or disturbance impacts could significantly reduce 
ecosystem stability by reducing both spatial variability in species interactions and population-
specific responses to disturbance (Wilcox et al., 2017). Therefore spatial heterogeneity in 
disturbance across a network may moderate the effects of negative interactions, such as those 
between native and invasive species, and promote more temporally stable coexistence between 
native and invasive species. 
Although large-scale spatial heterogeneity is obviously important, ecologists have struggled to 
find simple techniques to investigate relationships between communities and spatial structure 
at large spatial scales, especially in rivers (Flitcroft et al., 2012). While stream networks are 
inherently complex and highly variable, aquatic communities are likely structured by the 
fundamental processes of hydrology and topography (Campbell & McIntosh, 2017), therefore 
an initial step to understanding riverscape-scale biotic variability is identifying consistent 
patterns in river networks associated with these processes (Ganio, Torgersen & Gresswell, 
2005). In river systems, confluences can be ‘hotspots’ of  heterogeneity at large spatial scales, 
depending on the arrangement of habitat types, with ecological influences disproportionate to 
their small spatial extent (Czeglédi et al., 2015;  Cathcart et al., 2018). Benda et al. (2004) 




different disturbance regimes were spatially juxtaposed, therefore we might expect large-scale 
heterogeneity in disturbance regimes within river networks to create spatially predictable 
patterns in biotic assemblages associated with that heterogeneity. 
Although tributary-mainstem interactions are often described as complex, common properties 
of all river systems such as flow disturbance may provide an opportunity to identify crucial 
confluence characteristics and assess their impacts on aquatic assemblages. Because 
confluence heterogeneity, in the form of different configurations of flow disturbance regimes, 
influences stream fish abundance and assemblage composition (Chapters Two & Three), 
spatial heterogeneity in flow-disturbance regimes around confluences could influence 
ecosystem stability. In ecology, heterogeneity can refer to habitat diversity (the number of 
habitat types in an area), habitat complexity (the spatial arrangement of habitat patches), or 
temporal variability in within-habitat environmental conditions (Palmer, Menninger & 
Bernhardt, 2010). In addition, quantitative heterogeneity can be viewed as a gradient of 
variability and complexity from low to high, with low being homogeneity (Li & Reynolds, 
1995). Here I use heterogeneity to describe habitat diversity of river confluences in a binomial 
manner, i.e., the tributary and mainstem branches of a confluence have either similar (‘low’ 
heterogeneity) or very different (‘high’ heterogeneity) flow disturbance regimes. 
I evaluated if heterogeneity in flow disturbance conditions around confluences in the South 
Island high country of New Zealand influenced the density and relative abundance of native 
and invasive fish. I hypothesised that heterogeneous confluences would be associated with 
higher fish abundances per metre of stream length compared to more homogenous confluences 
(H1). I predicted this would be the result of interactions between native fish and introduced 
salmonids; trout can be strong competitors and predators in these river systems (McIntosh et 




the relative proportion of the fish community composed of native compared to invasive species. 
Secondly, I expected that more homogenous environments would contain less stable 
communities, indicated by higher temporal variation in the relative abundance of native and 




I surveyed eight river confluences in the Canterbury high country, New Zealand, over three 
time periods, autumn (March 2015), spring (November 2015) and summer (February 2016). 
Confluences were divided into two categories, ‘high’ and ‘low’ heterogeneity, based on the 
combination of upstream mainstem and tributary abiotic conditions associated with physical 
disturbance from flooding. To quantify flow disturbance in confluence branches I used the 
Pfankuch River Disturbance Index (RDI) which combines visual estimates of 15 aspects of 
channel morphology including indicators from both the stream bed and banks to evaluate 
physical stability of a river channel (Pfankuch, 1975; McHugh et al., 2010; Jellyman et al., 
2013). These scores were used to classify upstream mainstem and tributary branches into 
‘stable’ (RDI score < 100, low flow disturbance e.g. spring fed streams) or ‘disturbed’ (RDI 
score > 100, high flow disturbance e.g. braided rivers). In these systems, RDI scores above or 
below 100 can be used to broadly categorise stream habitat types, capturing variation 
associated with water temperature, substrate size and stream size, in addition to flood 
disturbance (Chapter Two). 
‘High heterogeneity’ confluences included those with both ‘stable’ and ‘disturbed’ upstream 
branches, i.e., a confluence with a ‘disturbed’ upstream mainstem and a ‘stable’ tributary, or 




‘stable’ streams, or confluences between two streams with ‘disturbed’ flow regimes (Fig. 4.1a). 
Where possible, I sampled confluences between third order mainstems and second order 
tributaries to control for the effects of stream size.  
Each confluence survey involved sampling six reaches, two in each of the three stream 
‘branches’ (Fig. 4.1b). Sampling reach length was five times the stream width, and the distance 
between reaches was five times the average reach length for that branch. The reach sampled 
nearest the confluence began one reach length from the confluence, so the distance sampled 
for each branch was 40 times the stream width from the confluence. Sampling reach length was 
a constant multiple of the stream width, averaged over both reaches in a branch, to avoid 
incorporating variability due to sampling different proportions of the available habitat 
depending on stream size (Peterson & Ver Hoef, 2010). Moreover, effects of confluences on 
stream fish assemblages extend approximately two reaches upstream, so sampling two reaches 
in each direction from the confluence was sufficient to represent changes in fish assemblages 
associated with confluence-related heterogeneity (Chapter Three). Each sampling reach was 
single-pass electrofished in an upstream direction without stopnets; the results of this method 
correlate well with more intensive quantitative techniques in these systems, for both Galaxiidae 
(R2=0.99) and Salmonidae (R2=0.82) abundance (Chapter Two). Fish caught were identified 
to species, and size classes recorded based on fork length. Galaxiidae were sorted into three 
size classes: young of year (YOY, < 60 mm), one year old (1+, 60-90 mm) and two or more 
years old (2+, > 90 mm; Woodford & McIntosh, 2013). Salmonidae were also sorted into three 
size classes: YOY (< 50 mm; Baltz & Moyle, 1984), medium (50-150 mm) and large (> 150 





Fig. 4.1: Field sampling design showing conditions in ‘high’ compared to ‘low’ 
heterogeneity confluences (a), based on the combination of stable and disturbed flow 
regimes (solid and dashed lines, respectively) within the three ‘branches’ in each 
confluence (upstream mainstem, tributary and downstream mainstem, b). ‘Stable’ 
streams had low flood disturbance, and ‘disturbed’ streams had high flood 
disturbance. Within each branch, two reaches were sampled, making a total of six 
sampling reaches per confluence replicate.  
distinguish large brown and rainbow trout because trout > 150 mm are capable of excluding all 





I evaluated the relationship between responses: fish abundance per metre of stream length and 
proportion of the fish assemblage that was native; and the predictor variable, confluence 
heterogeneity, using confluences as replicates. Abundance per metre of stream length was used 
as a measure of fish density because stream widths changed over time, which could inflate fish 
abundance per unit area estimates through habitat compression. Mean fish abundance per metre 
was calculated as the average of the six sampled reaches in each confluence, also averaged over 
time. 
To evaluate fish assemblage change in response to confluence heterogeneity, either high or 
low, I analysed the proportion of the fish assemblage that was composed of native fish, trout, 
or galaxiids. This was calculated as the abundance of all native species (or all trout species, or 
all galaxiid species) in a reach as a proportion of the total fish abundance in the reach. Reaches 
with no fish present were removed from this analysis. The coefficient of variation (CV) in the 
proportion of the fish assemblage that was native, expressed as the percentage of the mean 
represented by the standard deviation, was used to analyse patterns over time. The CV 
calculated for each stream reach was averaged to give mean CV in proportion of the fish 
assemblage that was native for each confluence, whereby high CV in proportion of the fish 
assemblage that was native indicated large changes in the relative abundance of trout and 
galaxiids over time, and small CV values indicated stable ratios of trout and galaxiid abundance 
over time. 
Generalised linear mixed-effects (glm) models, created using the lme4 package for R (Bates et 
al., 2015), were used to test the effect of confluence heterogeneity (high or low) on the response 
variables. To evaluate confluence heterogeneity itself, I used the CV of the six RDI scores 




scores meant the confluence contained highly heterogeneous conditions (i.e., both stable and 
disturbed flow conditions), and low CV meaning conditions throughout the confluence were 
relatively similar, whether they be stable or disturbed, and thus heterogeneity was low. 
Hypothesis One was tested using fish abundance models fitted with a Quasi-Poisson 
distribution in the ‘glm’ function, both to avoid the overdispersion present in standard Poisson 
models (Zeileis, Kleiber & Jackman, 2008), and because fish abundance per linear metre, the 
response variable, was not expressed in integers. To assess Hypothesis Two, examining the 
proportion of the fish assemblage that was native, ‘glm’ Quasi-Binomial models were used to 
overcome issues with overdispersion associated with using the Binomial family of models. 
Confluence heterogeneity in these models was included as the only fixed effect. The exception 
to this modelling format was the model for the proportional abundance of different trout and 
galaxiid size classes. This had proportion of total fish abundance in the confluence as a response 
variable, and unique confluence ID, plus an interaction between size class and confluence 
heterogeneity as fixed effects. ANOVAs were used to assess all model fits and evaluate 
significance with alpha set at 0.1 to overcome possible type-two statistical errors associated 
with the small sample sizes inherent in measuring temporal variability of populations. Plots of 
the glm model results were produced using the ggplot2 (Wickham, 2009) and effects (Fox, 









Confluence heterogeneity and site characteristics 
My sites encompassed a range of natural flood disturbance regimes, with RDI scores varying 
from 37 to 152, and reach lengths ranged from 6 to 40 m long. Temporal variation in stream 
width ranged from 0 to 7.4 m, with a median change over time of 0.5 m, justifying the choice 
of abundance per metre rather than per metre squared. 
The coefficient of variation in RDI scores was significantly higher in ‘high’ heterogeneity 
confluences than ‘low’ heterogeneity (F1,6 = 36.55, p < 0.001; Fig. 4.2), indicating my 
confluence heterogeneity categories reflected variability in flood-disturbance in these systems.  
Fish assemblages 
The 6380 fish caught included five native species: alpine galaxias (Galaxias paucispondylus), 
Canterbury galaxias (Galaxias vulgaris), kōaro (Galaxias brevipinnis), longfin eels (Anguilla 
dieffenbachii) and upland bullies (Gobiomorphus breviceps); and two non-native salmonids: 
brown trout (Salmo trutta) and rainbow trout (Oncorhynchus mykiss). Across sites and 
sampling times, the most abundant taxa were G. paucispondylus (47.1% of total catch) and O. 
mykiss (25.9%), followed by S. trutta (15.7%) and G. vulgaris (9.8%). The rarest taxa were G. 
breviceps (1.3%), A. dieffenbachii (0.2%) and G.brevipinnis (<0.1%). Trout and galaxiids 
combined made up 98.7% of total fish abundance, so patterns in fish abundance and proportion 






Fig. 4.2: Coefficient of variation (CV) in River Disturbance Index (RDI) scores 
measuring flood-related disturbance in relation to high or low confluence 
heterogeneity. Circles are model estimates with 95% confidence intervals, and 
triangles are raw data points. 
 
Confluences with ‘high’ heterogeneity had significantly higher mean fish abundance per metre 
of stream length than ‘low’ heterogeneity confluences (F1,6 = 5.34, p = 0.06; Fig 4.3b), 
supporting Hypothesis One, however abundance was relatively variable between confluences 
(Fig. 4.3a). Total fish abundance was not significantly affected by time (F2,21 = 0.14, p = 0.87), 
or an interaction between time and confluence heterogeneity (F2,12 = 2.21, p = 0.15), reflecting 
the lack of consistent temporal patterns in trout or galaxiid abundance per metre of stream reach 




confluence heterogeneity (Fig. 4.4b). Galaxiid abundance per metre of stream length, however, 
was significantly greater in high heterogeneity confluences than homogenous confluences (F1,6 
= 12.66, p = 0.012; Fig. 4.5). Therefore, the higher fish abundances in high heterogeneity 
confluences (Fig. 4.3) were driven by the abundance of galaxiids. Because patterns in total fish 
abundance per metre were driven by high abundances of native galaxiids, the proportion of the 
fish assemblage that was native was also likely to change in response to confluence 
heterogeneity.  
Confluence heterogeneity did not significantly affect the mean proportion of the fish 
assemblage that was native (F1,6 = 1.92, p = 0.22), but the mean proportion of the fish 
assemblage in different size classes of either trout (YOY, < 150 mm, > 150 mm) or galaxiids 
(YOY, 1+ and 2+ years old) differed significantly depending on confluence heterogeneity (F5,30 
= 3.76, p = 0.009). Generally a higher proportion of the fish assemblage at a confluence was 
composed of YOY and 1+ galaxiids in high heterogeneity confluences, compared to low 
heterogeneity (Fig. 4.6). In contrast, generally higher proportions of the fish assemblage were 
comprised of the trout size-classes in homogenous confluences (Fig. 4.6).  
Finally, looking at temporal patterns in native–invasive species co-occurrence, the mean 
coefficient of variation in proportion of the fish assemblage that was native was significantly 
higher in low heterogeneity confluences than high heterogeneity confluences (F1,6 = 7.26, p = 
0.036; Fig. 4.7), supporting Hypothesis Two. Therefore the relative abundance of native and 










Fig. 4.3: Mean fish abundance per metre (averaged over the six reaches in each 
confluence) in relation to (a) the three measured time periods, autumn (March 2015), 
spring (November 2015) and summer (February 2016), and (b) high or low 
confluence heterogeneity (mean abundance averaged over six sampling reaches and 
three time periods). Lines represent each confluence in panel a (solid, low 
heterogeneity; and dashed, high heterogeneity). In panel b points are model estimates 






Fig. 4.4: Mean galaxiid (a) and trout (b) abundance per metre (averaged over the six 
reaches in each confluence) across the three measured time periods, autumn (March 
2015), spring (November 2015) and summer (February 2016). Lines represent each 










Fig. 4.5: Mean galaxiid abundance per metre, averaged over six sampling reaches 
and three time periods, in confluences with high or low heterogeneity. Circles are 












Fig. 4.6: Proportion of total fish abundance (summed across all reaches, times, and 
confluences within a heterogeneity category) consisting of each galaxiid and trout 
size class, depending on high or low confluence heterogeneity. Colours represent size 
classes of galaxiids (young of year, 1-2 years old and more than 2 years old) and trout 












Fig. 4.7: Mean coefficient of variation (expressed as percentage of the mean represented by 
the standard deviation, averaged over time) in proportion of the fish assemblage that was 
native, depending on high or low confluence heterogeneity. Circles are model estimates with 





It is widely accepted in community ecology that environmental and biotic processes combine 
to produce spatial variability in community structure, through processes such as dispersal 
limitation and spatial connectivity (Grenouillet, Pont & Herisse, 2004;  Leibold et al., 2004;  
Heino et al., 2015). Moreover, within a network, better connected communities are expected 
to receive more migrants, buffering them from demographic stochasticity and allowing fast 
recovery from disturbance events (Dala-Corte, Becker & Melo, 2017). McCluney et al. (2014) 
suggested habitat heterogeneity in a river network would be associated with lower catchment-
scale temporal variation in communities through increased resilience to disturbance, compared 
to abiotically homogenous networks. Despite increasing focus on network structure and its 
influence on aquatic communities, empirical studies of the configuration of abiotic conditions 
around confluences and their influence on aquatic community dynamics are rare (Kiffney et 
al., 2006). I examined how heterogeneity in flow disturbance around confluences influenced 
the abundance and structure of fish assemblages in New Zealand rivers. My results revealed 
that while fish assemblages around confluences are highly variable, heterogeneity in flow 
disturbance conditions around confluences created predictable patterns in fish abundance, and 
temporal stability in the relative abundance of native and invasive fish species in the river 
systems.  
Confluence-effects on aquatic communities vary due to the ratio of tributary to mainstem size, 
basin shape and size, confluence density, configuration of conditions and geometry of streams 
in the network (Benda et al., 2004; Kiffney et al., 2006; Chapters Two & Three). However, the 
effects of the arrangement of abiotically different streams around a confluence, that is 
confluence heterogeneity, are poorly understood (Kiffney et al., 2006;  Rice, 2017). Given that 




the juxtaposition of contrasting flood-disturbance conditions may support higher densities of 
stream fish through processes such as habitat complementation, source–sink population 
dynamics, resource subsidies and dispersal connectivity (Fausch et al., 2002;  Kiffney et al., 
2006;  Campbell Grant, Lowe & Fagan, 2007;  Rice, 2017). I found heterogeneity in the flood-
disturbance regimes between the two stream branches joining at a confluence was associated 
with higher mean fish abundance, supporting my first hypothesis. This aligns with previous 
research associating spatial complexity in hydrological variability with higher aquatic 
productivity, abundance and biomass (Chisholm, Lindo & Gonzalez, 2011;  Garcia, Schnauder 
& Pusch, 2012).  
Conversely, when flood-disturbance conditions in the two streams joining were similar, 
resulting in a homogeneous confluence, fish abundance was lower. Different processes likely 
drove lower total fish abundance, depending on disturbance regime. I expected assemblages in 
streams with low spatial environmental variability would be driven more by biological 
interactions, in contrast to those that were highly disturbed, which might be more affected by 
recolonisation dynamics and presence of refugia (Schlosser & Kallemeyn, 2000;  Garcia, 
Schnauder & Pusch, 2012). Thus, strong interactions between native galaxiids and invasive 
trout likely led to low fish densities in homogenous confluences of stable streams, whereas 
around homogenous confluences of disturbed streams, the environmental harshness likely 
produced lower fish densities. Higher fish densities in heterogeneous confluences were driven 
by increases in galaxiid abundance, predominantly high numbers of young-of-year (Chapter 
Three). This increased survival or density of galaxiids was likely made possible by large 
predatory trout being less abundant in high heterogeneity confluences (Chapter Three). 
Invasive species abundance is often related to their impact on native species (Kumschick et al., 
2015;  Latzka et al., 2016), so in these riverscapes, spatial heterogeneity in flow disturbance 




light of these results, it was likely that confluence heterogeneity would also influence 
riverscape-scale temporal patterns in fish assemblages. 
Heterogeneity at small spatial scales can lead to highly temporally variable communities, but 
at landscape scales temporal fluctuations in biotic assemblages are usually decreased by spatial 
heterogeneity (MykrÄ et al., 2011;  Schneck & Melo, 2013;  McCluney et al., 2014;  Hovick 
et al., 2016;  Papanikolaou et al., 2016). However, the influence of large-scale spatial 
heterogeneity on stability in the outcomes of native–invasive species interactions over time is 
unknown. I found low heterogeneity in flow disturbance around confluences was associated 
with higher temporal variation in the relative abundance of native and non-native fish species, 
supporting my second hypothesis. Higher temporal stability in native–invasive relative 
abundance around spatially heterogeneous confluences may have been supported by dispersal 
from abiotically distinct habitat patches. 
Both metapopulation and metacommunity models suggest that dispersal can influence both 
population size and support large-scale species persistence in suboptimal or sink habitats 
(Hanski, 1999;  Dala-Corte, Becker & Melo, 2017). Reduced spatial heterogeneity in habitats 
can increase temporal variation in biotic assemblages by homogenizing riverscape-scale 
ecological processes (McCluney et al., 2014;  Wilcox et al., 2017), for example, by removing 
the potential for recolonisation or source–sink dynamics, (Brown et al., 2011). Increased 
temporal stability in native–invasive species co-occurrence around high heterogeneity 
confluences, therefore, may have been facilitated by dispersal of individuals between spatially 
juxtaposed stable and disturbed stream branches. This movement was likely to have been bi-
directional, with different processes operating on native galaxiids and introduced trout species. 
For example, while trout may generally be not as well adapted to flood disturbance as native 




catchments they have high flood resilience (Jellyman et al., 2017), possibly as a result of high 
riverscape heterogeneity via confluences providing access between stable streams and 
disturbed reaches for potential recolonists. Native non-migratory galaxiids, on the other hand, 
are severely affected by predatory trout  (Townsend & Crowl, 1991;  McDowall, 2006;  
McIntosh et al., 2010, Jones & Closs, 2015), so tend to have higher densities in flood-disturbed 
streams, where trout abundances tend to be lower, and thus provide a refuge from competition 
and predation (Jellyman et al., 2017). Disturbed streams are also harsh environments, however, 
so proximity to more stable conditions via confluences likely provides access for post-flood 
recolonists, resulting in higher and more temporally stable galaxiid abundance around 
heterogeneous confluences (Chapter Three). Temporal stability at large spatial scales, 
therefore, likely reflects population-specific responses to disturbance heterogeneity and 
spatially variable interspecific interactions. 
Most freshwater heterogeneity research has examined species richness, citing increases in 
biodiversity downstream of confluence junctions (Osborne & Wiley, 1992;  Fernandes, Podos 
& Lundberg, 2004;  Kiffney et al., 2006;  Milesi & Melo, 2014), with species richness (alpha 
diversity) the most frequently used measure of community structure (Leibold, Chase & Ernest, 
2017). However, recent meta-analyses conclude that the majority of assemblages experience 
no change in richness while they undergo compositional changes, such as I found, supporting 
the importance of relative abundance as a metric for detecting community change (Jones & 
Schmidt, 2017;  Spaak et al., 2017). In addition, while variability is rarely used as a response 
variable to assess the influence of disturbance, it can be a particularly sensitive metric that 
captures ecological responses often hidden by averaging (Fraterrigo & Rusak, 2008). Thus, my 
results linking assemblage stability with riverscape heterogeneity support the use of measures 
of temporal variability in community composition to provide important insights into the effects 




My findings also have particular relevance for conservation and management efforts 
specifically directed towards ecologically significant characteristics of river networks. My 
results support the idea that preservation of heterogeneous riverscapes will encourage higher 
ecosystem resilience in the face of global change (Cromsigt, Prins & Olff, 2009;  Flitcroft et 
al., 2012;  Wilcox et al., 2017). Being able to identify mechanisms enhancing the stability of 
ecosystems, such as interactions between native and invasive species, is critical to do at spatial 
scales relevant for land management (Wilcox et al., 2017). This is especially important when 
widespread homogenisation of riverscapes may be increasing temporal variability in native–
invasive interactions, making assemblages more vulnerable to additional stressors such as 
climate change (Boddy & McIntosh, 2017). My findings suggest that maintaining riverscape-
scale heterogeneity, by underpinning the buffering of assemblage stability, will likely enhance 
ecosystem resilience. My results also highlight the value of spatial heterogeneity associated 










Plate 4. Surface water intake on Kowai River in the Canterbury Plains at high (top) and low 
(bottom) flow. At low flow most of the water was abstracted and the stream dried up just 
downstream of the intake. 








Chapter Five:  
Big impacts from small abstractions: the effects of surface water 
abstraction on freshwater fish assemblages 
Introduction 
Freshwaters across the globe are increasingly manipulated through dewatering, water 
diversion, and water abstraction as anthropogenic demands grow and the effects of climate 
change become more pronounced (i.e., droughts and altered seasonality; Murchie et al., 2008). 
The modification of flow regimes is one of the most extensive anthropogenic alterations to 
lotic systems (Petts, 1984;  Stanford, Ward & Liss, 1996) and is often cited as the largest threat 
to freshwater ecosystems (Naiman et al., 1995;  Sparks, 1995;  Lundqvist, 1998;  Ward, 
Tockner & Schiemer, 1999). Some estimates suggest that over 50% of the largest river systems 
worldwide are moderately or severely impacted by flow regulation (Dynesius & Nilsson, 1994;  
Nilsson et al., 2005). Thus, the potential ecological impacts of this widespread flow 
modification are of major concern, however little is known about the effects of small 
abstractions, particularly on fish assemblages, aquatic food chains, and influences on native–
non-native fish interactions.  
River abstractions and diversions tend to modify natural flow patterns and cause fluctuations 
in discharge (Murchie et al., 2008). Altering flows and abstracting water from rivers can often 
have negative impacts on the flora and fauna residing in and around them, and can lead to 
species declines and local extinctions (Bunn & Arthington, 2002;  Dewson, James & Death, 
2007b;  Benda, Miller & Barquín, 2011). The effects of hydropower dams and large-scale 
diversions on aquatic communities have been well-documented (Poff & Zimmerman, 2010), 




common. For example, in New Zealand there are approximately 16,000 consented abstractions 
nationwide, with a mean water abstraction rate of 0.04 m3/s, and 66% of these are for irrigation 
(Booker et al., 2016), so understanding the cumulative impacts of small irrigation takes is 
critical to the management of freshwater systems. Even small in-stream takes such as surface 
water abstractions and v-notch gauging weirs can impact flow regimes and hydraulic 
connectivity (Pusey et al., 1989;  Bunn & Arthington, 2002), and thus mobile organisms such 
as fish. It is therefore important that the impacts of changes in flow regimes associated with 
small water abstractions on fish communities are well understood. 
The relationship between flow regimes, habitat structure and fish communities has been well 
established (Poff & Allan, 1995;  Hart & Finelli, 1999;  Bunn & Arthington, 2002), so it is 
unsurprising that modifications to natural flow regimes, such as water abstractions, will change 
physical habitat and influence fish population structure (Bunn & Arthington, 2002). Most 
research on this subject has focused on abundance of target organisms (e.g., Leprieur et al., 
2006), or occasionally species diversity, but effects at the whole community or assemblage 
scale have received less attention. Habitat contraction as a result of decreased river flow has 
been associated with changes in community composition and abundance (Stubbington, Wood 
& Boulton, 2009;  Datry, Arscott & Sabater, 2011), but understanding how trophic interactions 
respond to artificially decreased flows, could offer more insight into the processes driving these 
ecosystem shifts (McHugh et al., 2014). 
The directional flow component of river systems means the effects of water abstraction should 
vary upstream and downstream of the abstraction point, however this has not previously been 
specifically considered. If fish passage is blocked, migratory species often decline or disappear 
from upstream reaches (Harris, 1984;  Bonetto, Wais & Castello, 1989;  Joy & Death, 2001). 




experience decreased fish abundance and maximum body size, and the loss of fluvial specialists 
in favour of generalist species (Haxton & Findlay, 2008;  Ledger et al., 2013;  McHugh et al., 
2014). Therefore, we should expect distinct changes in fish community composition and 
relative abundance upstream and downstream of abstraction intakes. Some of these directional 
shifts in community composition could arise from changes in flow regime modifying native–
non-native patterns of co-occurrence. 
While native fish are adapted to natural flow regimes, modifications to natural flows can 
facilitate the invasion of non-native species potentially better adapted to altered flow 
conditions. Moreover, because conditions in anthropogenically-altered systems tend to be 
similar regardless of geographical location (Bunn & Arthington, 2002), this may result in 
homogenization of communities. Anthropogenic modifications often increase flow stability 
enabling introduced species to outcompete natives that are better adapted to high flow 
variability (Pusey et al., 1989;  Bunn & Arthington, 2002). We propose that for surface water 
takes, when a small proportion of the river is abstracted, flow could be moderated in favour of 
introduced species (Chen & Olden, 2017), however when a large proportion of the river is 
abstracted, the resulting increased risk of extreme low flow and drought events creates much 
harsher environmental conditions that will benefit the species best adapted to low flow 
extremes. Therefore, the balance of native and non-native species relative abundance will 
depend on which group is more sensitive to extreme flows, and how the environment has 
shaped the evolution of native fish traits. For example, in situations where non-native trout are 
more sensitive to flow loss than native galaxiids (Leprieur et al., 2006) abstractions prevented 
trout from causing extirpations, thus flow abstraction could have a net benefit on native fish 





We examined the impact of small surface water abstractions, across a range of proportion of 
stream flow abstracted, on fish assemblages and derived metrics which reflected their 
functional and structural characteristics. These metrics included fish abundance, biomass, 
diversity, species richness, mass-abundance slope, maximum body size, carbon-range, food-
chain length, and the ratio of native to non-native species abundance. Mass-abundance 
relationships derived from fish assemblage body-size relationships respond to habitat factors 
such as flood disturbance, flow, presence of predatory taxa, including non-native Salmonidae, 
and land cover (Layman et al., 2005; Fraley et al., 2018). Carbon range and food-chain length, 
measures of the breadth and height of trophic relations, respectively, can similarly be affected 
by many biotic and abiotic habitat factors (McHugh et al., 2014; Fraley et al., 2018). 
We examined the effects of single-point surface-water abstractions using a spatially-extensive 
longitudinal sampling approach. This included sampling an array of stream reaches above and 
below abstraction points to account for inherent longitudinal variability along the watercourses, 
and to enable us to isolate the direct effects of single-point water abstractions from other trends 
associated with local hydrology. We hypothesized that the proportion of flow abstracted, 
possibly interacting with direction to abstraction point (upstream or downstream) and/or 
distance to abstraction, would affect fish assemblage characteristics such as abundance and 
biomass (H1). This would potentially be due to effects of abstractions on directional 
connectivity, barriers to movement, and reductions in physical habitat size or productive space 
due to loss-of-flow. We expect that distance to abstraction location may be important due to a 
“shadow” effect of the abstraction on biota, with groundwater recharge potentially mitigating 
flow loss further away from the abstraction point. We also predicted that the ratio of native to 
non-native species abundances would change, particularly downstream, with higher 
proportional native abundance in downstream sites with flows unsuitable for large-bodied non-




such as food-chain length and carbon range, would be similarly affected by flow abstracted, 
and direction and distance to abstraction (H3). Here we expected a loss of fish abundance and 
diversity would lead to fewer feeding options for biota, and thus a narrower prey range and 
decreased number of trophic links in reaches with high rates of flow abstraction.  
Methods 
Study site 
One of the challenges of this type of study is the separation of direct effects of the modified 
flow regime from impacts associated with land-use change and intensification that are often 
associated with the development of such water resources (Bunn & Arthington, 2002). New 
Zealand is an ideal study system as the headwaters of many foothill and mountain rivers remain 
relatively unimpacted by land conversion. Thus, we could target surface water abstraction sites 
on streams with unimpacted headwaters and large riparian buffers to minimise the confounding 
influences of land-use change and identify the direct effects of water abstractions on fish 
communities.  
Four surface water diversions (termed ‘sites’) were surveyed in the Canterbury foothills, New 
Zealand. These abstractions were selected to incorporate a gradient of proportion of flow 
abstracted, and to include both dammed and undammed surface water diversions. All sites were 
subject to similar climatic conditions, distance to the ocean, and regional species pool (based 
on information from the New Zealand Freshwater Fish Database; McDowall & Richardson, 
1983), and all had relatively unimpacted catchments upstream of the abstraction point. To 
separate abstraction-related patterns from longitudinal stream trends, we structured our 
sampling reaches by splitting them into two sections: ten reaches upstream of the abstraction 
point, and five reaches downstream (Fig. 5.1). A higher number of reaches were included 




fluctuations for comparison with downstream abstraction-affected reaches. The length of each 
sampling reach was five times the stream width, and the distance between reaches was five 
times the average reach length for that section. Reach lengths were a constant multiple of mean 
stream width to avoid incorporating variability due to sampling different proportions of 
available habitat (Peterson & Ver Hoef, 2010). Reach lengths of five times the stream width 
were deemed sufficient to represent the habitat complexity in smaller streams, yet were not so 





Fig. 5.1: Schematic diagram of longitudinal sampling reaches around a surface water 
abstraction point. Ten reaches were sampled above the abstraction and five 
downstream. Each reach length was five times the average stream width, and distance 






Seven habitat characteristics were identified as being potentially ecologically significant and 
measured for inclusion in analyses: Pfankuch River Disturbance Index (RDI), substrate size, 
stream width, depth, discharge, macrophyte cover and reach flow characteristics. Discharge 
was calculated at one transect per reach using the velocity-area method to create a cross-
sectional discharge profile at each of five reaches evenly-spaced along the longitudinal gradient 
at each site (including directly above and below the abstraction point), and linear interpolation 
was used to derive flow for the reaches in-between. From discharge data, we calculated the 
proportion of maximum flow (%Flow) for each reach within each site as a proxy variable for 
effects of abstraction and any additional lateral or vertical flow exchanges between stream 
water and groundwater. Wetted width and water depth were measured along one transect at 
each reach. RDI, which is calculated by summing 15 aspects of channel morphology from the 
stream bed and banks to evaluate physical habitat stability and flood-proneness of a river 
channel (Pfankuch, 1975;  McHugh, McIntosh & Jellyman, 2010;  Jellyman, Booker & 
McIntosh, 2013), was scored at every reach by the same person to ensure consistency. The 
percentage of the reach consisting of cascade, riffle, run, and pool meso-habitat types 
(Maddock, 1999) and the percentage area cover by in-stream macrophytes was estimated 
visually. The Wolman Walk method was used to calculate mean substrate sizes from 50 
randomly selected substrate particles measured along the beta axis (Green, 2003). We also 
identified whether each stream reach was upstream or downstream of the abstraction point, and 






Table 5.1: Predictor and response variables evaluated in quasi-Poisson generalized 
linear models. Responses were converted to count data (multiplied by 1000) for 
purposes of rescaling and to fit our Poisson modelling framework, except for mass-
abundance slope (kept untransformed for use in a linear model). See methods for 
detailed description of datasets and variables. 




Fish capture and processing 
Fish were caught using single-pass electrofishing conducted downstream into a push net using 
a Kainga EFM 300 backpack electrofishing machine (NIWA Instrument Systems, New 
Zealand) generating pulsed DC current. Single-pass electrofishing catch efficiency was 
verified through comparison with standard quantitative three-pass electrofishing using stop 
nets in a separate investigation to ensure that metrics generated were comparable (Fraley et al., 
2018). Fish were anaesthetized using AQUI-STM 20E (AQUI-S New Zealand Ltd.), counted, 
measured for total or fork length (species-dependent, mm), and each individual was identified 
to species. Six fish of representative taxa and sizes (spanning the smallest, medium, and largest) 
from each location were euthanized (if <400 mm TL) with an overdose of AQUI-S fish 
anaesthetic and frozen, or a non-lethal fin clip was taken (if >400 mm TL; Sanderson et al., 
2009) and frozen for later stable isotope (SI) processing in the laboratory. 
Fish assemblage and native–introduced ratio metrics 
Fish mass (g) was calculated from field-measured total or fork length (depending on species 
morphology), using regressions relating fork length, total length, and mass of New Zealand 
fish species (Jellyman et al., 2013). A subset of fish euthanized for this study were measured 
in the field and weighed in the laboratory to verify the applicability of these published 
relationships (R2 > 0.95 for all species). Additionally, to construct mass-abundance 
relationships (also known as size spectra), individual fish mass was log-transformed and binned 
in even steps along a log10 scale to best fit the range of fish body sizes at our reaches, and 
abundance of fish in each bin was also log10-transformed. A linear regression was constructed 
relating log10 binned abundance to the midpoints of log10 binned fish mass, and the slope was 
extracted to use as a response variable (mass-abundance relationship slope, Table 5.1; Jennings 




reach, including: Shannon-Weaver diversity index (Weaver & Shannon, 1949), median fish 
body mass (B50; g), total biomass (g/m), and abundance (no. fish/m; Table 5.1). Additionally, 
we calculated simple abundance and biomass ratios between native fishes and introduced 
brown trout (Salmo trutta), the only non-native species present, to see if abstractions 
differentially affected native and non-native fishes. Responses were converted to count data 
(multiplied by 1000) for purposes of rescaling and to fit our Poisson modelling framework, 
except for mass-abundance slope and native–introduced ratios (kept untransformed for use in 
linear models).  
Stable isotope preparation and analysis 
Primary consumers (Deleatidium spp. mayflies) were collected using a kick-net at each of the 
five reaches sampled for discharge (netted from three or more locations within each reach), and 
frozen for transport back to the laboratory. Deleatidium were chosen as a baseline consumer 
because they are ubiquitous in New Zealand, were present at all abstraction sites, and are 
commonly utilized by fishes as prey (Fraley et al., 2018). Primary consumers were utilized as 
a baseline to compare with fish for SI food-chain length analysis (McHugh et al., 2012). In the 
laboratory, Deleatidium from each reach were dissected and the stomach contents and head 
removed to eliminate potential bias from SI values (Lancaster & Waldron, 2001). Composite 
Deleatidium samples were gathered from 20–100 individuals from each reach, following 
methods for composite samples from Post (2002). Fish were dissected and a portion of dorsal 
muscle tissue was extracted, or fin tissue was substituted for individuals >400 mm to avoid 
lethal sampling (Hanisch et al., 2010). Next, fish and invertebrate tissues were dried in an oven 
for at least 72 hours at 50 °C, then ground into a fine powder using a mortar and pestle, with 
care taken to avoid contamination. Approximately 2 mg of powder from each sample was 




Isotope Facility for analysis through isotope ratio mass spectrometry (on a PDZ Europa 20-20; 
Sercon Ltd.).   
The resulting nitrogen isotope ratios were used to calculate trophic position (TP) of the sample 
organism, using an equation from Post (2002), as applied to similar streams by McHugh et al. 
(2012). The highest fish TP value from each reach was used as an estimate of food-chain length 
for the reach. Carbon isotope values were corrected for lipid content using established 
relationships (Post  et al., 2007). Carbon isotope ratio range was calculated for fishes from each 
reach following an equation from (McHugh et al., 2014). For brown trout it was not necessary 
to correct fin clip SI values to muscle values per McCarthy and Waldron (2000), who found no 
significant differences between tissue types for this species, but corrections were needed for 
fin clips from the only other species >400 mm found in our study area, longfin eel (Anguilla 
dieffenbachii).  
Data analysis 
 We evaluated the relationship between responses (H1: fish abundance, mass-abundance slope, 
biomass; H2: native–introduced abundance ratio; and H3: FCL, and Crange) and predictor 
variables (%Flow, Ups, DistA) using reaches within abstraction sites as replicates (Table S1). 
Non-collinearity of predictors was verified by calculating variance inflation factors (VIF; 
cutoff ≥ 5), and some predictors originally tested (including RDI, Wolman Walk substrate size, 
macrophyte cover, stream depth, and wetted width) were eventually removed from models to 
eliminate overfitting or because they did not contribute to explaining variance in the data. The 
distance from abstraction variable (DistA) was scaled (centered and transformed to have a 
similar range to other variables) to eliminate issues in model fitting. A saturated quasi-Poisson 
generalized linear model was constructed for most response variables (except for mass-




(R Development Core Team, 2016). Quasi-Poisson models, fitted using the ‘quasipoisson’ link 
in the ‘glm’ function, were used to deal with the overdispersion present in standard Poisson 
models (Zeileis, Kleiber & Jackman, 2008). Simple linear models using the ‘lm’ function were 
constructed for mass-abundance slope and native–introduced abundance ratio responses. 
Models with various interactions between predictors were compared to evaluate the importance 
of proportion of  flow remaining (%Flow), distance from abstraction (DistA), and direction to 
abstraction (upstream or downstream; Ups) on fish assemblages, and to test all hypotheses. A 
term, including a variable identifying the stream sampled (StreamID), was included in each 
model (StreamID * Ups + DistA; Table 5.1) to account for our nested study design  and 
structure the degrees of freedom to reduce the possibility of Type I errors (Dormann et al., 
2007). Using analysis of deviance for ‘glm’ models and analysis of variance for ‘lm’ models 
(ANOVA), predictors within the global model for each response were evaluated for 
significance (α < 0.05). Pseudo R2 (McFadden’s R2; Faraway, 2016) was also calculated for 
each response to assess goodness-of-fit of the saturated model compared to that achieved by a 
null model including a single parameter representing the intercept term. For analysis of the 
mass-abundance slope predictor, we also constructed a model assessing only reaches with the 
lowest and highest %Flow values upstream and downstream of the abstraction point at each 
site to minimize noise in the data occurring when all reaches were included in the original 
mass-abundance model. Four downstream reaches at the Kowai River site had 100% flow loss 
and no fish present, and these were omitted from our analyses. The entire Kowai site was also 
removed for the mass-abundance slope analysis because there was only one downstream reach 
that had water and we required both minimum and maximum flow reaches for our analysis. 
Partial effects plots of the model results were produced using the ‘ggplot2’ (Wickham, 2009) 





Site and habitat characteristics 
Some predictors originally tested (including RDI, Wolman Walk substrate size, macrophyte 
cover, stream depth, and wetted width) were removed from models to eliminate overfitting or 
because they did not contribute to explaining variance in fish assemblages. Of the four 
abstraction sites sampled, a marked decrease in flow occurred downstream of the abstraction 
point in three sites, with flow increasing in Taylors Stream due to a drain input just upstream 
of the abstraction (Fig. S1). Average discharge at the time of sampling ranged from <0.01 m3/s 
in the smallest waterway (Limestone Creek) to 0.87 m3/s in the largest waterway (Taylors 
Stream; Table S1), and percentage of total flow loss from abstraction and downwelling varied 
between 57% in Taylors Stream to 100% in the Kowai River (where four of the reaches 
downstream of the diversion were dry). River Disturbance Index, averaged per site, ranged 
from 65 (low flood disturbance) in Limestone Creek to 116 (high flood disturbance) in the 
Kowai River, thus our sites encompassed a range of natural flood disturbance regimes. 
Fish assemblages 
The 4,457 fish caught, included native Canterbury galaxias (Galaxias vulgaris), upland bully 
(Gobiomorphus breviceps), longfin eel (Anguilla dieffenbachii), torrentfish (Cheimarrichthys 
fosteri), and introduced brown trout (Salmo trutta), with species richness varying among 
reaches from one to five taxa (Table S1). The most ubiquitous species across sites were G. 
breviceps and G. vulgaris (present at all four sites), while C. fosteri were least widespread (only 
one site). Across sites, the most abundant taxa were G. breviceps (72.1% of total catch) and G. 
vulgaris (21.2%), and the most uncommon were A. dieffenbachii (0.1%) and C. fosteri (0.2%). 
Total fish biomass across sites was dominated by S. trutta (42.8%) and G. breviceps (25.9%), 




native predatory fish (longfin eels) in these systems, non-native trout were an important 
predator in these fish assemblages. 
Quasi-Poisson models predicting fish assemblage metrics performed substantially better than 
the null models in most cases (pseudo-R2 > 0.5; Table 5.2), with the exception of fish biomass 
(pseudo-R2 = 0.17). The linear model (not quasi-Poisson) predicting mass-abundance slope had 
poor explanatory power (adjusted R2 = 0.08), however the mass-abundance model including 
only reaches with the lowest and highest %Flow upstream and downstream of the abstraction 
points performed much better (adjusted R2 = 0.65).  
ANOVA indicated that %Flow and Ups factors interacted to significantly affect fish abundance 
and the mass-abundance relationships (for lowest and highest flow reaches) at our abstraction 
sites (Table 5.3; Figs. 5.2, 5.3). This indicated that the number of individuals per metre of 
stream length, and the size structure and abundance within the assemblage, were significantly 
influenced both by the amount of water abstracted and the direction from the abstraction point 
(supporting H1). 
Upstream of the abstraction point, fish abundance did not vary with decreasing proportion of 
maximum flow (Fig. 5.2). Downstream however, abundance declined with decreasing %Flow, 
and downstream reaches with high %Flow contained higher fish abundances than reaches with 
equivalent flows upstream (Fig. 5.2; Table 5.3). Natural flow fluctuations modified flow 
upstream of abstractions by up to 50%, however no significant change in fish abundance per 
metre of stream length was seen associated with this natural flow variability. Similarly, with 
mass-abundance slope (for highest and lowest %Flow upstream and downstream at each site), 
there was minimal change in the relationship upstream of the abstraction; a slightly increasing 
mass-abundance slope did indicate a shallower (but negative) distribution of fish size class 




negative. The driver of this interaction was the loss of larger-bodied size-classes of fish with 
decreased flow in downstream reaches (See Fig. S2 for visualization of this). There was no 
evidence of an additional significant interaction between %Flow, Ups, and for any of the 
response variables, nor was DistA a significant main effect. 
Native–introduced fish relative abundance 
Fish assemblages were numerically dominated by native fish (from 6 to 33 times more 
abundant), and for the three abstraction sites sampled where non-native brown trout were 
present, they comprised between 1.3 to 5 times more biomass (Limestone Creek did not contain 
any trout; Table S1). At the two sites where trout were present and with suitable replication of 
reaches both upstream and downstream of abstraction (Taylors Stream and Pudding Hill 
Stream), native fish abundance increased relative to trout with decreased %Flow both upstream 
and downstream of abstraction points (Table 5.3; Fig. 5.4). The relationship, however, was 
much stronger in downstream reaches, with rapid decreases in co-occurrence as local flow 
declined. Interestingly, at the downstream reaches at both sites, the largest fish in reaches with 
highest %Flow were brown trout, while the largest fish in reaches with lowest %Flow were 
native taxa. Our linear model predicting the relative abundance of native and introduced fish 
explained variance in the data well (adjusted R2 = 0.60; Table 5.2), underscoring the 
explanatory power of flow and habitat size in determining the outcome of interactions between 






Table 5.2: Characteristics of saturated quasi-Poisson generalized linear models for 
fish assemblage responses. The nested study design was accounted for with a 
StreamID*Ups + DistA term in all models (not presented here; see text for 
explanation). See Table 1 and Methods for explanation, coding, and units of 
variables. Pseudo R2 refers to McFadden’s pseudo R2, which is a comparison of 
goodness-of-fit between the saturated model (as presented in this table) and a null 
model with only an intercept term. 
 
*The models for mass-abundance slope and native–trout ratio are simple linear models (not 
quasi-Poisson glm like the others) and the residual standard error and adjusted R2 are shown in 





*The models for mass-abundance slope and native–trout ratio are simple 




Table 5.3: Analysis of deviance and variance, and summary output for quasi-Poisson 
generalized linear models (‘glm’) and simple linear models (‘lm’) for fish assemblage 
responses. Model structure is specified in Table 2. Responses were converted to count 
data (multiplied by 1000) to fit our Poisson modelling framework, except for mass-
abundance slope, which used a linear model. See Table 1 and Methods for 






Fig. 5.2: Total fish abundance per metre of stream length, depending on proportion 
of maximum stream flow and direction to abstraction (upstream or downstream). Top 
panels show partial effects plots and bottom panels show predicted and raw values 
for each stream. Predicted lines in the bottom panel will not necessarily be smooth 
because each prediction is influenced by the observed points’ distance to confluence. 
Lines represent model estimates with 95% confidence intervals displayed as grey 
bands. Points show raw data with shapes representing the site each sample was taken 










Fig. 5.3: Partial effects plots showing significant interactions between proportion of 
maximum stream flow and direction to abstraction (upstream or downstream) on 
mass-abundance slope for a subset of stream reaches at each site. Lines represent 
model estimates with 95% confidence intervals displayed as grey bands. Points show 
raw data with shapes representing sites. The subset is limited to the reaches which 
have the lowest and highest %Flow values upstream and downstream at each site. 
The Kowai River site is not included because only one reach downstream of the 
abstraction contained fish. See Table 1 for explanation of variable derivation and 






Fig. 5.4: Proportion of the fish assemblage that was native compared to non-native, 
depending on a significant interaction between proportion of maximum stream flow 
and direction to abstraction (upstream or downstream). Top panels show partial 
effects plots and bottom panels show predicted and raw values for each stream. 
Predicted lines in the bottom panel will not necessarily be smooth because each 
prediction is influenced by the observed points’ distance to confluence. Lines 
represent model estimates with 95% confidence intervals displayed as grey bands. 
Points show raw data with shapes representing sites. The Limestone River site was 
not included because no non-native fish were captured at any reach, and the Kowai 




contain non-native fish. See Table 1 for explanation of variable derivation and units, 
and Table 3 for statistical values. 
Food-chain length and carbon range 
Relative to fish assemblage metrics, quasi-Poisson models relating stable isotope-derived 
metrics to proportion of flow abstracted did not explain as much variance (pseudo-R2 < 0.4; 
Table 5.2). No significant relationships were found with carbon range predictors, indicating 
little change in trophic breadth (Table 5.3). However there was a significant interaction 
between %Flow and position upstream or downstream of the abstraction affecting food-chain 
lengths, with decreases in FCL downstream of abstractions. Thus, abstractions did influence 
stable isotope-derived metrics downstream, by reducing the number of trophic links in the fish 
assemblage when higher proportions of the flow were removed (supporting H2).  
Food-chain length increased with decreasing proportion of flow upstream of abstractions 
(supporting H3). The effect was inverted downstream, and trophic changes were much steeper, 
indicating food chains rapidly decreased in length as local flow decreased (Fig. 5.5). This was 
driven primarily by a loss of larger-bodied fish (Fig. S2), typically brown trout at the top of the 
food chain, in downstream reaches with lower local flow. Overall food-chain lengths in these 
systems were highly variable, as the weak model fit suggests. There was no evidence of an 
additional significant interaction between %Flow and Ups for any of the response variables, 






Fig. 5.5:  Food-chain length, depending on proportion of maximum stream flow and 
direction to abstraction (upstream or downstream) on food-chain length. Top panels 
show partial effects plots and bottom panels show predicted and raw values for each 
stream. Predicted lines in the bottom panel will not necessarily be smooth because 
each prediction is influenced by the observed points’ distance to confluence. Lines 
represent model estimates with 95% confidence intervals displayed as grey bands. 
Points show raw data with shapes representing the site each sample was taken from. 







Recognition that anthropogenic alteration of flow regimes is a threat to aquatic ecosystems 
globally has led to increasing interest in understanding the responses of aquatic ecosystems to 
different types and degrees of flow alteration (Dudgeon et al., 2006;  Poff & Zimmerman, 
2010). Only a handful of studies in temperate-region rivers have examined the effects of small 
abstractions, with widely varying conclusions. Several of these projects found little or no 
detrimental impact of abstraction on the study organisms (Leprieur et al., 2006;  Dewson, 
James & Death, 2007a;  Lange et al., 2014), while others found negative effects on the 
abundance and diversity of organisms downstream of abstraction (Death, Dewson & James, 
2009;  Matthaei, Piggott & Townsend, 2010;  Falke et al., 2011). Our investigation showed 
that flow loss downstream of surface water abstractions significantly affected fish abundance, 
mass-abundance slope, food-chain length, and relative abundance of native and introduced 
fishes. As we expected, these effects depended on spatial position relative to the abstraction 
point, with downstream reaches affected to a greater degree than upstream areas. However, 
there was no additional interaction with distance from the abstraction point as we hypothesized. 
Given the high proportion of rivers globally that are potentially impacted by small abstractions 
(Anderson, Freeman & Pringle, 2006;  Deitch, Kondolf & Merenlender, 2009), the effects they 
can have on fish assemblages, such as those outlined below, are likely to be extremely 
influential. 
Effects of water abstraction on fish assemblages 
Abstractions likely affected fish assemblages through reduced quantity and quality of physical 
habitat associated with decreased wetted width, depth and water velocity, possibly by 
prevention or interruption of fish movement upstream or downstream of diversion points. As 




and mass–abundance relationships (at extreme %Flow values at each reach) had steeper slopes. 
In terms of abundance, the loss-of-flow downstream of abstraction points typically resulted in 
smaller habitat sizes, potentially reducing carrying capacity for fishes, but no statistically 
significant decreases in biomass or fish diversity were detected. For mass-abundance slope, 
reaches with the highest %Flow downstream of abstractions had higher abundance of small-
bodied fish but larger-bodied size classes were absent. This may be caused by large-bodied 
fish, such as trout, leaving abstraction-exacerbated low flow reaches, while small-bodied native 
fishes such as galaxiids and bullies either remained because they were less affected (similar to 
findings of Leprieur et al., 2006), or possibly were released from predation by trout. Similar 
research from tropical Central America found that fish assemblages, but not abundance, 
changed in composition upstream and downstream of abstraction sites on small, mountainous 
streams (Anderson, Freeman & Pringle, 2006), unlike our results which showed significant 
changes in both of those metrics. 
Using our longitudinal sampling design, we were interested in how fish assemblage structure 
changed in relation to natural flow variation, due to upwelling and downwelling, compared to 
artificial changes in flow associated with abstractions. Surface water-groundwater interactions 
such as these are common in many rivers globally that have large gravel floodplains (Brunke 
& Gonser, 1997). The significance of the interaction between proportion of flow loss and 
direction (upstream or downstream) from the abstraction point indicates that the assemblage 
composition and the relative abundance of different size-classes of fish were only affected by 
loss-of-flow caused by the artificial abstraction, and not by natural fluctuations in flow caused 
by groundwater losses or gains. Flow loss caused by abstraction can be clearly visualized and 
compared with variability resulting from groundwater losses or gains in Fig. S1. These results 
suggest there is a fundamental difference in a fish assemblages’ ability to cope with and 




One of our abstraction sites (Limestone Creek) had a partial fish movement barrier associated 
with the abstraction, and all sites had diversion channels without fish exclusion devices, in 
which fishes could become entrained, which may explain some of the interacting effects of 
flow loss and flow direction from the abstraction point. While these diversion channels were 
not flowing at high velocity, it would be easy for downstream-migrating fishes to choose to 
swim into them, which could result in disorientation or mortality due to desiccation or water 
intake machinery (e.g., pumps), depending on the terminus of these channels. This may be a 
particularly important mechanism when a high proportion of river flow is being extracted, 
which may be associated with the low abundances we found at low proportion-flow sites. A 
similar project looking at abstractions in Puerto Rico, USA found that freshwater shrimps 
similarly increased in abundance downstream of a small dam that was a partial migration 
barrier, and that up to 100% of downstream-migrating shrimp larvae were entrained into the 
intake of the associated abstraction (Benstead et al., 1999). While we did not monitor 
entrainment of fishes into the surface-water intakes we were examining, this would be a useful 
future avenue of research to explain the mechanisms behind upstream-downstream differences 
in fish communities.  
Effects on native and introduced species 
Similar to predictions in H2, there were higher numbers of native fishes at reaches with greater 
flow loss from abstraction, relative to numbers of introduced brown trout. Unlike trout, New 
Zealand native fishes are adapted to living in smaller, often benthic habitats, and in the case of 
galaxiids, even occupying streambed interstitial spaces (Davey, Kelly & Biggs, 2006). For 
example, the reaches we sampled downstream of the abstraction on the Limestone Creek 
consisted of very shallow water flowing through rock matrices, yet they were populated by 




downstream of abstractions either due to the absence of trout (less predation and competition) 
or due to a preference for the habitat characteristics caused by the abstractions. However, this 
does not necessarily mean native fish were thriving in these areas of flow loss, because they 
may have also been negatively impacted, just to a lesser degree than trout. 
Despite the possibility of easy trout access to the reaches downstream of the abstraction intake 
on Limestone Creek via a connection to the Hinds River (a higher-order river downstream), 
trout were completely absent in all reaches. This is likely due to trout preference for deeper 
pools (for refuge; Davey & Kelly, 2007) and need for habitats with enough flow to deliver 
drifting invertebrate or terrestrial prey (Hughes et al., 2003). Additionally, trout are known to 
be averse to human activity and movements on the streambank (Young & Hayes, 2004), 
perhaps causing them to avoid areas adjacent and downstream of abstraction intakes, which 
have higher likelihood of human visitation (i.e., abstraction structure maintenance activity and 
paths allowing easy access for fishermen or hikers). In areas with more flow, trout abundance 
relative to native fishes increased, although native fishes were still more abundant overall at all 
reaches (but did not always dominate in terms of biomass). This is likely due to the propensity 
of trout to prey upon or out-compete native fishes, especially galaxiids, when occurring in 
sympatry (McIntosh et al., 2010). 
There is a scarcity of research on the effects of small-scale abstractions and diversions on 
patterns of native and introduced fish co-occurrence globally, particularly for temperate fresh 
waters, so our findings could be particularly useful to aquatic ecosystem managers. Other 
studies in New Zealand also concluded that trout presence was negatively correlated with 
percent of water abstracted, however corresponding effects on native upland bullies or 
roundhead galaxias (Galaxias anomalus) were quite different (Leprieur et al., 2006;  Lange et 




to large-bodied fishes (i.e., trout) and offer some relief to native taxa (i.e., bullies and galaxiids) 
by offsetting effects of non-natives. Many studies report native fishes suffer in relation to 
introduced taxa because flow modifications cause more benign habitats for invaders and poorly 
fit the ecological adaptations of native fish (Merciai et al., 2018), but in the case of our study, 
the non-native species was more sensitive to anthropogenic habitat alterations than native 
fishes, leading to a contrasting result. There are other rare instances, similar to our findings, 
where flow modifications have been found to benefit native taxa (e.g., dam blocking spread of 
introduced trout; Lintermans, 2000). The increase in relative abundance of native fish 
downstream of surface-water abstractions, associated with higher flow loss, could be attributed 
to the flexible life-history patterns of New Zealand fish species that have developed as a 
response to highly variable and unpredictable flow regimes (Winterbourn, Rounick & Cowie, 
1981;  Lake et al., 1985), enabling these taxa to cope with unpredictable flow changes 
associated with human demand around water abstraction sites, unlike non-native trout species 
(Jowett & Biggs, 2009). While native fish were able to persist in these highly-impacted 
locations, we have no evidence for how negatively affected the long-term health and viability 
of these populations are by the flow loss, for example through reduced survival or recruitment, 
and increased vulnerability to natural flow extremes compounding anthropogenic drying 
effects. 
Effects on food-web characteristics 
Following our expectations from H3, abstractions affected food-chain lengths downstream of 
abstraction points, although there was no associated modulation of carbon range of fish diets, 
which suggests there was no change in trophic breadth, but trophic height was reduced. The 
decrease in food-chain length with loss-of-flow below abstractions may be partially explained 




Fraley 2017 unpublished data; Arim et al., 2010; thus reducing the number of trophic links in 
the food web). A positive association between habitat size and food-chain length has been 
documented across a wide range of ecosystems (Sabo et al., 2010), and alterations in trophic 
height have often been driven by changes in the abundance or presence of large top predators 
(McHugh et al., 2014), such as we found. The lack of response in carbon range suggests that 
changes in food-chain length are more substantial than changes in trophic breadth for 
freshwater food webs, implying that the resource base is not changing with abstraction flow 
loss, but trophic interactions are altered. 
Contrary to expectations, we found no evidence suggesting there was an additional interaction 
of distance from abstraction point with decreasing local flow, or whether observations were 
upstream or downstream of the abstraction for any of our fish assemblage or food web 
characteristic metrics. We expected that distance from the abstraction would be more important 
for fish assemblages downstream where groundwater recharge would mitigate flow loss in the 
furthest downstream reaches. However, distance from the abstraction point was included as a 
variable in all our models to incorporate the spatial structure of our study design.  
Implications 
Many parts of the world are facing increasing demand for water for agricultural and municipal 
purposes and increasing modification of rivers (e.g., New Zealand’s eastern coast, Western 
United States; Falke et al., 2011; Booker, 2018), compounded by less precipitation, higher air 
temperatures, and shrinking groundwater tables due to anthropogenic development and climate 
warming (Malmqvist & Rundle, 2002;  Vörösmarty et al., 2010;  Woodward, Perkins & Brown, 
2010;  Duncan, Srinivasan & McMillan, 2016). To balance economic needs and environmental 
concerns, water managers need to assess the ecological outcomes of providing additional 




Poff et al., 2010;  Horne et al., 2017). While there is no consensus on the development of 
general, transferable relationships between water abstraction and ecological responses, there is 
evidence that greater alteration to flow regimes increases the risk of ecological change (Poff & 
Zimmerman, 2010). Supporting this, our results show that small-scale surface water 
abstractions can significantly affect fish assemblages, depending on the proportion of flow 
removed. Such changes should be investigated further at broader geographic and temporal 
scales (and in terms of multiple compounding abstractions) to better determine minimum flows 
and maximum allowable abstraction rates in rivers. This would aim to balance the need to 
preserve endangered native fish species and sensitive recreationally-valued introduced species, 
such as brown trout, to ensure fish assemblages and aquatic communities do not collapse as a 
result of water abstraction.  
In light of our results showing that even small abstractions can affect fish assemblages, 
freshwater conservation and restoration efforts, typically occurring at local spatial scales (Wohl 
et al., 2005), could be more effective if they were concentrated at strategic locations (e.g., 
abstraction points) within the catchment for greatest ecological outcome. In addition, managers 
of water resources need to consider the proportion of river flow abstracted as a parameter in 
addition to a set water volume (Benda, Miller & Barquín, 2011). The identification of 
biologically meaningful abstraction conditions for management or restoration would help to 
identify target locations for restoration or conservation (Booker, 2018).  
There is some evidence from our findings, and from other studies, that suggest loss-of-flow 
can be beneficial to small-bodied native fishes vulnerable to trout predation and competition 
(Leprieur et al., 2006); assuming river connectivity is retained for the benefit of migratory 
species (e.g., longfin eels and torrentfish). At first sight this might suggest that management 




enhance co-occurrence between vulnerable native species and economically-important and 
recreationally valued introduced species (Chen & Olden, 2017). However, this would only be 
appropriate for cases where a native species or population is under threat of extirpation in a 
homogenous environment, because natural environmental heterogeneity (e.g., streams with 
flooding disturbance or water temperatures outside of trout-preferred ranges), already provides 
refugia for native taxa (Boddy & McIntosh, 2017; Chapter Three). Moreover, flow loss may 
still have detrimental effects on native fish, just less so than trout, so further investigation is 
required on the impacts of abstractions on native assemblages in the absence of invasive 
predators.  
Given our findings, it is crucial to continue research in this area to produce scientifically 
defensible guidelines for water removal limits, the management of flow modification, and 
fisheries in regulated rivers (Poff & Zimmerman, 2010). This should be done at the riverscape-
scale (Ward, Tockner & Schiemer, 1999), given the potential effects of multiple, compounding 
abstractions that are commonly installed. Finally, balancing economic interests and ecological 
values in river management is essential in light of impending climate warming and continuing 






Table S1: Summary of habitat characteristics and fish assemblage metrics measured 
or calculated for four sampled water abstraction sites in Canterbury, New Zealand 
(averaged across 15 reaches within each stream). Discharge was measured on the day 
of sampling, maximum flow loss is the difference between the highest and lowest 
measured flow at any reach in the stream, wetted width represents the width of the 
flowing stream channel, and RDI (River Disturbance Index) scores the flood-
proneness of the stream channel by a visual assessment of the bed and bank. See 







Fig. S1: Proportion of maximum stream flow for longitudinal sampling reaches 
around a surface water abstraction point. Reaches 1–10 were upstream of the 
abstraction and 11–15 were downstream. Values for reaches 2-4, 6-9, and 12-14 for 







Fig. S2: Mass-abundance relationships for stream reaches with the lowest (dashed 
lines) and highest (solid lines) proportion of maximum flow upstream (left-hand 
panels) and downstream (right-hand panels) of surface water abstraction sites with 
sufficient data (Kowai River excluded due to reaches with zero flow). Note the 
addition of a larger size class of fishes (line extends further to the right) for the 









Plate 5. Surface water takes sampled in the Canterbury Plains with (bottom) and without 
(top) a dam at the point of diversion. 





Chapter Six:  
Discussion 
Freshwater ecosystems are among the most threatened in the world, in part due to landscape-
scale homogenisation (MEA, 2005;  Dudgeon et al., 2006;  Zeni & Casatti, 2014), so 
understanding the value of habitat heterogeneity in freshwater systems is critical. Ecologically 
meaningful breaks in habitat type, or discontinuities, can occur both naturally (e.g. river 
confluences) and anthropogenically (e.g. dams and water diversions), and are likely major 
contributors to large-scale heterogeneity in river systems (Benda et al., 2004;  Kiffney et al., 
2006;  Kennedy et al., 2016). However, the consequences of the spatial juxtaposition of 
abiotically distinct habitat patches have rarely been considered.  
Riverscapes differ from other ecological networks in that habitat can consist of both network 
branches and nodes, so the spatial arrangement of differing habitat patches in a river network 
could influence the distribution and abundance of mobile organisms, and interspecific 
interactions (Campbell Grant, Lowe & Fagan, 2007). With this research I focussed on how 
spatial heterogeneity in river flow characteristics associated with confluences and surface water 
diversions influenced fish assemblages. Specifically, I investigated how spatial and temporal 
patterns in fish assemblage structure and abundance, and the relative abundance of native and 
invasive fish, were influenced by discontinuities in river networks.  
My results indicate that around both confluences and surface water diversions, the 
configuration of flow regimes and direction of flow play major roles in producing highly 
context-dependent fish assemblage structure and abundance, and can influence the outcome of 
native–invasive species interactions. I have shown that spatial heterogeneity associated with 





independently of currently acknowledged mechanisms such as stream order and spatial position 
in the catchment. In this chapter I summarise key results and illustrate how each extends current 
knowledge of spatial dynamics in river networks, and highlight how my results could be used 
to advance identification of ecologically significant characteristics of river networks and 
improve the strategic management of fish, especially in invaded riverscapes.  
Spatial heterogeneity 
Firstly, an important finding was that only some confluences cause measureable changes in 
biotic communities, reflecting the complex nature of tributary-mainstem interactions in an 
inherently spatially and temporally variable environment (Jones & Schmidt, 2017;  Rice, 2017). 
Therefore, it is essential to develop methods to identify where these ecologically significant 
confluences are likely to occur. Previously, ecologically ‘significant’ confluences have been 
related to either their spatial position in the network, or to their confluence symmetry ratio, i.e., 
the relative size of the tributary river compared to the mainstem (Kiffney et al., 2006;  Milesi 
& Melo, 2014;  Jones & Schmidt, 2017). However, the ‘heterogeneity’ of confluences, that is 
the arrangement of abiotically similar or different streams around a confluence, was poorly 
understood (Kiffney et al., 2006;  Rice, 2017). I found the spatial layout of abiotic conditions 
around confluences can play an important role in determining fish community composition by 
influencing the presence and configuration of spatial heterogeneity.  
Heterogeneity caused by flood-disturbance regimes around confluences can influence fish 
assemblage structure and abundance (Chapters Two, Three & Four), so identification of likely 
locations for the juxtaposition of contrasting disturbance regimes is important for 
understanding large-scale spatial dynamics in fish communities. Headwater streams, for 
example, are predicted to more commonly have contrasting environmental conditions because 





2017). The juxtaposition of contrasting flood disturbance regimes can support higher fish 
densities (Chapter Four), potentially through processes such as habitat complementation, 
source–sink population dynamics, resource subsidies and dispersal connectivity (Fausch et al., 
2002;  Kiffney et al., 2006;  Campbell Grant, Lowe & Fagan, 2007;  Rice, 2017). Therefore, 
given that numerous potentially community-shaping ecological processes operate at landscape 
scales, understanding large-scale metacommunity dynamics in spatially heterogeneous 
riverscapes is crucial. 
Spatial heterogeneity and metapopulation dynamics 
Advancing research in metapopulation dynamics and landscape ecology (Leibold et al., 2004;  
Heino et al., 2015;  Dala-Corte, Becker & Melo, 2017) emphasises the need for a broader 
approach to stream fish ecology that considers the responses of fish to habitat heterogeneity at 
larger spatial and temporal scales (Fausch et al., 2002). Examining spatial patterns in stream 
fish assemblages through the lens of patch dynamics and metacommunities allows the spatial 
structure of the environment and dispersal between habitat types to be accounted for. This is 
important because often the spatial context can be as influential as local habitat conditions in 
determining the richness and composition of assemblages (Bennett, Radford & Haslem, 2006). 
Discontinuities such as confluences and water abstractions in river networks can create 
spatially connected yet abrupt changes in abiotic characteristics, which create complex spatial 
patterns in stream fish communities likely best explained by metacommunity and patch 
dynamics theory (Jones & Schmidt, 2017). Metacommunity models suggest population size 
and large-scale species persistence in suboptimal or sink habitats can be supported by dispersal 
(Hanski, 1999;  Dala-Corte, Becker & Melo, 2017), therefore it is possible that spatial 
heterogeneity could increase temporal stability by increasing potential for recolonisation or 





dispersal between spatially juxtaposed stable and disturbed stream branch habitats may be 
facilitating the increased fish abundance, assemblage evenness and temporal stability in native–
invasive relative abundance associated with spatial heterogeneity around confluences. In 
Chapter Three, the relative abundance of native and invasive fish was influenced by both 
confluence configuration and distance to confluence, suggesting directional flow meant 
dispersal and recolonisation effects were more easily propagated downstream than upstream. 
In addition, species interactions could also limit the direction and distance that individuals can 
disperse from source populations (Ganio, Torgersen & Gresswell, 2005). Native galaxiids can 
persist in sink habitats near sources where propagule pressure is high, such as I found near 
heterogeneous confluences in Chapter Three, but because propagule pressure decreases with 
increasing distance to the source (Woodford & McIntosh, 2011), proximity to source 
populations could likely be driving observed spatial patterns in co-occurrence in invaded 
riverscapes (Chapter Three). Therefore, spatial heterogeneity associated with certain 
confluence configurations likely creates opportunities for directionally-biased and distance-
limited source–sink and recolonisation dynamics. Thus, metacommunity processes such as 
dispersal and source–sink dynamics likely play a strong role in determining fish abundance and 
assemblage composition in heterogeneous riverscapes. 
Differences in dispersal dynamics in heterogeneous versus homogenous river systems are also 
likely to influence temporal stability in fish assemblages. It has been suggested that temporal 
stability in fish populations will be greater in large mainstems than more isolated headwater 
streams due to centrality in the dispersal network (Dala-Corte, Becker & Melo, 2017). The 
results of my research, however, point to greater roles for landscape composition and 
configuration in driving the temporal stability of biotic assemblages and outcomes of 
interspecific interactions (Chapter Four). Spatially variable interspecific interactions and 





fish assemblages at large spatial scales (Wilcox et al., 2017; Chapter 4). Given how common 
negative interactions between native and invasive species are globally (Vitousek et al., 1996;  
Clavero & Garcı´a-Berthou, 2005;  Maciel & Lutscher, 2018), it is important to understand 
how disturbance heterogeneity and invasive species interact to influence native species 
assemblages in invaded riverscapes. 
Spatial heterogeneity and invasion processes 
Non-native brown and rainbow trout are more vulnerable to both floods and low flow events 
than native fish in New Zealand (Jowett & Richardson, 1989;  Jowett, 1990;  Leprieur et al., 
2006;  Jellyman et al., 2017). Invasive species abundance often drives their impact on native 
species (Kumschick et al., 2015;  Latzka et al., 2016), so by limiting densities of large 
piscivorous trout, flow disturbance likely benefits native galaxiids, resulting in higher relative 
abundances. Therefore, spatial heterogeneity in flow disturbance, either naturally around 
confluences or anthropogenically around surface water abstractions, could mediate the strength 
of native–invasive interactions in these riverscapes (Chapters Three & Five). Consequently, 
my results highlight the role of spatial heterogeneity in disturbance regime in influencing the 
outcome of native–invasive species interactions at large spatial scales. 
Implications for management and conservation 
Knowledge of how spatial habitat mosaics influence biotic communities could facilitate 
management aimed at manipulating the mosaic structure to achieve certain conservation goals 
(Bennett, Radford & Haslem, 2006). Moreover, understanding how fish assemblages in 
invaded riverscapes respond to spatial heterogeneity in flow disturbance associated with 
confluences and surface water abstractions provides an opportunity to strategically prioritize 





2013;  Vander Zanden, Hansen & Latzka, 2017). Given that funding for invasive species 
management generally pales in comparison to the scale of the problem, cost-effective solutions 
such as this that can be applied at large spatial scales are extremely valuable (Latzka et al., 
2016), and will likely improve ecological outcomes beyond what can be achieved with smaller-
scale restoration approaches. 
The lack of improvement in stream health in most restoration efforts is likely a result of reliance 
on reach-scale approaches due to a scarcity of large-scale solutions, therefore consideration of 
the spatial context of potential restoration sites within river networks, for example with regards 
to disturbance heterogeneity within the river networks as my results suggest, could produce 
more effective biological outcomes (Palmer, Menninger & Bernhardt, 2010;  Brown et al., 
2011). Catchment-orientated conservation and management could enable strategic restoration 
of ecologically significant locations in river networks, such as confluences or surface water 
abstractions, for desired ecological outcomes (Benda, Miller & Barquín, 2011). For example, 
if co-existence between flood-adapted native fish and flood-vulnerable invasive species was 
desired, restoration could prioritize confluences between stable and flood-disturbed streams 
within the river network (Chapters Three & Four). Not only can catchment-scale management 
significantly improve stream health (Palmer, Menninger & Bernhardt, 2010), but management 
targeting specific spatial arrangements of flow disturbance, using network-based custom-flow 
design to facilitate desired biological outcomes (Chen & Olden, 2017), enables highly 
customisable and targeted large-scale management of riverscapes. For example, this approach 
could target coexistence between economically valuable invasive fish and threatened native 
fish, because balancing economic interests and ecological values such as these in river 
management is essential in light of impending climate warming and continuing human 





Opportunities for future development 
Despite biological invasions generally occurring over large spatial scales in heterogeneous 
environments, the scale of resource management, most research has focussed on local or site-
level impacts (Vander Zanden, Hansen & Latzka, 2017;  Heasley, Clifford & Millington, 
2018). I have highlighted the importance of considering larger-scale spatial heterogeneity for 
native–invasive dynamics in river networks (Chapters Three, Four & Five), but more research 
is required to untangle native–invasive coexistence from co-occurrence in invaded riverscapes. 
The difference between coexistence and co-occurrence of native and invasive species is crucial 
for river restoration and management, but is currently poorly understood in the context of large-
scale spatial heterogeneity. In addition, further research on the influence of flow loss associated 
with surface water diversions on native fish in non-invaded river networks is required to 
establish whether the abundance of native fish is increased downstream due to predation-
release or is flow-related. 
 Further investigation into mechanisms driving spatial and temporal structuring of fish 
assemblages in invaded riverscapes is required to reveal species-specific responses to 
disturbance heterogeneity. In addition, future research could investigate how spatial 
heterogeneity in flow regimes around confluences and abstractions influences long term 
population health and viability, such as temporal patterns of recruitment and survival. This is 
very important because it could decrease the vulnerability of fish populations to greater flow 
extremes, such as those associated with predicted climate change and increased pressure on 
water resources. 
In conclusion, my research has contributed to our understanding of the complex spatial patterns 
in fish assemblage abundance and composition in river networks by identifying the importance 





associated with confluences and surface water abstractions. My results also highlight the role 
of spatial heterogeneity in mediating the outcome of native–invasive species interactions in 
invaded river networks. I hope that these concepts will be further developed and implemented 
to provide strategic management of key network locations to assist in the preservation of 
threatened native species in the face of increasing invasion, intensified anthropogenic demand 










Plate 6. Single upstream pass electrofishing without stopnets in the Canterbury High 
Country. 
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